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HIGHLIGHTS

o Controlled reduction of contaminant
leaching was investigated in waste
reactors.

e Ammonium and organic-bound con-
taminants decreased under aerobic
conditions.

e Specific contaminants first increased
and then decreased under aeration.

e Geochemical modelling facilitated
description of underlying mechanisms.
o Identified trade-offs in leaching risks

require careful treatment strategies.
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ABSTRACT

Landfills remain an important endpoint for waste and waste residues, yet current management in the Netherlands
requires eternal aftercare to protect public health and the environment. Enhanced waste stabilization in landfills
through active treatment, i.e. aeration and leachate recirculation, has potential as a sustainable alternative to
current landfill management. However, the influence of active treatment on solid waste properties and subse-
quent leaching of hazardous contaminants has only received limited investigation. This study investigates these
influences in landfill simulation reactors containing 30 kg of waste from different origins, which were treated
using aeration, leachate recirculation, and their combination. Large differences in leachate contaminant con-
centrations were found between treatments. A shift from leachate recirculation to aeration changed prevailing
redox conditions from anaerobic to aerobic and decreased pH and dissolved organic and inorganic carbon.
Consequently, concentrations of ammonium and inorganic contaminants with a high organic matter binding
affinity decreased, whereas other inorganic contaminants first increased in concentration due to mineral
dissolution followed by a decrease due to mineral precipitation or binding to reactive surfaces. The underlying
mechanisms of these trends were identified based on geochemical modelling. The observed changes during
aeration were accelerated when aeration was preceded by leachate recirculation, and concentrations rebounded
when anaerobic conditions were reintroduced. Our findings ultimately demonstrate that active treatment of
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landfills requires careful consideration of the most effective strategy, as trade-offs in contaminant leaching mean
their potential risks should be weighed against each other.

1. Introduction

A continuous increase in global waste generation [1,2] has led gov-
ernments to explore sustainable alternatives to landfills for waste
management [3-5]. Nevertheless, landfills remain a necessary waste
endpoint due to the existence of untreatable waste and waste residues.
Landfills are a source of hazardous emissions, posing a risk to public
health and the environment through the generation of greenhouse gases,
namely methane [6,7], and contaminant-rich leachate [8-10]. These
emissions are prevented by encapsulating the waste in artificial barriers
[11], yet this approach delays waste decomposition and retains the
waste emission potential. As a result, the so-called “aftercare” period, i.
e. the period following waste acceptance in which landfills are thor-
oughly monitored, can be lengthy and in certain cases indefinite, leading
to high societal costs [12].

The need for more sustainable landfill management has led to the
signing of a “green deal” between the Dutch government, landfill op-
erators, and knowledge institutes [13]. This green deal initiated three
landfill-scale pilot projects to assess the potential of aeration and
leachate recirculation as active treatment for reducing contaminant
emissions to comply with legally accepted emission target values (ETV)
[13,14]. In conjunction with a large associated research programme, an
extensive monitoring programme has been developed to quantify active
treatment effects on gaseous and leachate emissions [15].

Assessing the true potential of long-term active treatment to reduce
leachate contamination requires knowledge of both the changes in
leachate contaminant concentrations, and on the geochemical evolution
of the solid waste and its corresponding effects on contaminant trans-
port. Studies of the latter are scarce, as in situ monitoring of solid waste is
challenging and costly. Laboratory-scale alternatives for determining
solid-phase changes are Landfill Simulation Reactors (LSRs), which
provide the additional benefit of an accelerated stabilization rate
compared with field treatment to give insights on shorter timescales [16,
17]. While LSRs are well established, previous research has primarily
focused on gas production, chemical and biological oxygen demand, pH,
nitrogen, carbon, and macro ions [18-26]. Crucially, existing studies on
inorganic contaminants have largely overlooked the role of organic
matter (OM) [27-31], a key factor governing the solid/solution parti-
tioning of heavy metals [32-34]. Furthermore, studies investigating
mechanisms underlying contaminant mobility, substantiated by mech-
anistic modelling, are scarce and have, to our knowledge, been limited
to gas production and trends in pH and macro ions [35]. Consequently,
the geochemical processes driving the leachability of inorganic con-
taminants during active treatment in LSRs remain underexplored.

To address this gap, geochemical mechanisms can be elucidated by
coupling dedicated leaching experiments with “multi-surface”
geochemical modelling. This modelling framework calculates chemical
interactions - including binding to reactive surfaces, inorganic
complexation, and mineral precipitation [36] — and thereby offers a
comprehensive view of chemical speciation. These models have suc-
cessfully identified underlying processes in batch extractions of landfill
waste [37-39] and highlighted redox chemistry as an important in situ
contaminant solubility-governing parameter in landfill pore-water [40],
and thus are a promising tool for exploring contaminant partitioning in
LSR studies.

This study investigates the mechanisms underlying ammonium
(NHZ) and inorganic contaminant leaching from actively treated waste
in LSRs. This was done by operating eight LSRs under distinct dynamic
conditions: leachate recirculation under anaerobic conditions, aeration,
and a combination of both. The LSRs were operated for 682 days, with
frequent leachate sampling for the analyses of OM and contaminant

concentrations. A unique feature of this paper is that observed
contaminant leaching trends from the dynamic LSRs were interpreted by
a mechanistic geochemical model approach, originally developed to
identify chemical release mechanisms in landfilled waste under batch
conditions [39]. The model was parametrized using pH and in situ redox
measurements, alongside reactive surface data derived from indepen-
dent selective extractions. By coupling the long-term monitoring of over
20 inorganic contaminants with geochemical modelling to pinpoint
specific solubility-controlling mechanisms, we provide a more compre-
hensive understanding of contaminant leaching compared with previous
LSR studies. Furthermore, our findings reveal the complex trade-offs
between contaminant leachability and the time required for effective
treatment, providing essential data for validating active treatment as a
sustainable landfill management strategy.

2. Materials and methods
2.1. Landfill solid waste sampling

Solid waste samples were collected from the three Dutch pilot
landfills: Braambergen 11 N (Bra), containing contaminated soil,
remediation residues, and construction and demolition (C&D) waste;
Kragge (Kra), containing commercial, domestic, and C&D waste; and
Wieringermeer (Wie), containing commercial waste, composting resi-
dues, and contaminated soils [41]. Sampling was conducted approxi-
mately five years after the initiation of active treatment at each site:
September 2022 (Bra), October 2022 (Wie), and March 2023 (Kra).

The sampling strategy prioritized obtaining sufficient bulk volume
for the LSR experiments (see Section 2.2) rather than establishing spatial
representativeness of the pilot sites. Vertical drilling was performed
using a sonic sample drill at multiple locations (Bra: 7; Kra: 11; Wie: 3).
Drilling proceeded in two-meter intervals until an impenetrable layer or
the basal drainage was reached (maximum depths: 12 m at Bra, 18 m at
Kra, and 14 m at Wie).

To minimize preferential flow paths in the reactors, the collected
waste was sieved to < 36 mm (<10% of the LSR inner diameter, to limit
preferential flow [42]) and thoroughly homogenized prior to filling the
LSRs. A subsample was dried at 105 °C to determine moisture content
and characterized for parameters relevant for contaminant leaching
(Section 2.3), and to evaluate the pH-dependent leaching of contami-
nants (Section SM2, SI).

2.2. Landfill simulation reactors

2.2.1. General set-up

A schematic overview of the LSRs is provided in Fig. 1. Briefly, the
LSRs consisted of polypropylene (PP) cylinders (60 cm height, 38 cm
diameter). A perforated disc (10 mm thickness, 10 mm pore size)
separated the waste from the leachate reservoir. An aeration ring was
positioned on top of this disc to introduce nitrogen or compressed air; to
prevent clogging, this ring was sandwiched between layers of 1 mm PP
mesh. Leachate was recirculated using an impeller pump (Modified
F2P10-19, Johnson Pump, Sweden) and distributed evenly via a custom
3D-printed PP divider. All reactors were insulated with foam rubber and
heated via mats to maintain an internal temperature of 34 °C.

The LSRs were filled with moist waste equivalent to 27 kg dry matter
(DM) for Kra and 30 kg DM for Bra and Wie. Subsequently, 1 L of
demineralized water was added to non-recirculation LSRs (final mois-
ture content: Bra 38%, Kra 75%, Wie 41%). Recirculation LSRs required
higher volumes of water to ensure pump functionality, with variable
amounts added due to differing water retention capacities (added water:
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Bra9 L, Kra5 L, Wie 8 L; final moisture contents: Bra 68%, Kra 90%, Wie
62%). Redox potential of the waste was logged hourly using an in situ
redox probe (ORP 40-4-B, Swap Instruments, NL) and a separate
reference electrode (Ag/AgCl, KCl, 3 M, REF-12-0-A, Swap In-
struments, NL), at 7.5, 17.5, 27.5, and 37.5 cm (measured from the
bottom of the waste). The redox potential was recalculated from mV to
pe, correcting for the reference electrode [43].

2.2.2. Experimental conditions

The experimental treatment conditions are detailed in Table 1. This
study evaluates three distinct operation regimes: i) Recirculation, with
leachate recirculation under anaerobic conditions; ii) Aeration, with
aeration and no leachate recirculation. For Bra and Kra, aeration was
followed by an anaerobic period; iii) Recirculation-Aeration, with a
period of leachate recirculation under anaerobic conditions followed by
a period of aeration without leachate recirculation. Prior to the start of
above treatments, all LSRs had a 139-day anaerobic initialization period
without gas input.

Anaerobic conditions were maintained by continuous Ny gas

Legend
@Waste material

PE Mesh with aeration ring @Sprinkler
@)Mass flow controller

@Leachate pump
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injection (2 ml/min). Leachate recirculation was applied at a rate of 1 L/
week (approx. 20 times the field intensity at Kra); this applied rate was a
combination of desired intensification of degradation and practical
design limitations with respect to the equal distribution and pumping
rate of the recirculated leachate. Aeration was achieved using com-
pressed ambient air with a continuous flow of 10 ml/min (five times the
target field rate for Bra and Wie).

For the Recirculation-Aeration LSRs, the operational mode switched
to aeration after 139 days of initialization and 252 days of recirculation.
To ensure effective aeration, accumulated leachate was gravimetrically
drained prior to the switch. The aeration LSRs of Bra and Kra were
reverted to anaerobic conditions (2 ml Ny/min) after 139 days of
initialization and 435 days of aeration. Thus, potential leachate quality
changes following the termination of aeration and the return of anaer-
obic conditions could be investigated.

To simulate rainfall, 500 ml of demineralized water was added every
2-3 weeks to all non-leachate recirculation LSRs; for anaerobic LSRs this
water was purged with Ny prior to addition to prevent oxygen ingress.
The total water addition and rationale can be found in Section SM1 in

@Isulating layer @Redox logger
@Small lid ®Off—gas logger

@Temperature control «@Rhizon sampler @Gas-wash bottle

@

Fig. 1. Schematic overview of the landfill simulation reactors used in this study.
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Table 1
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Operational conditions of the landfill simulation reactors (LSR). Anaerobic conditions are annotated as An. Aeration is annotated as Ae. All treatments were preceded

by a 139-day anaerobic initialization period without gas input.

Operational name Condition (An/Ae) Anaerobic period Aerobic period Gas input Recirculation
- [days] [days] [ml/min] [1/w]
Recirculation An 543 - 2 (Ny) 1

Aeration” Ae - An 108 435 2 (N3) + 10 (Air) -
Recirculation-Aeration An - Ae 252 291 2 (N3) + 10 (Air) 1°

@ The aeration LSR of Wie was not returned to anaerobic conditions and was kept under aeration.
b Recirculation was applied only under anaerobic conditions. When switched to aeration, recirculation stopped.

the SI.

2.2.3. Leachate sampling

A 5 cm reservoir between the perforated disc and LSR base (Fig. 1)
allowed for leachate accumulation between sampling events. At each
sampling round, 100 ml of leachate was collected. To ensure that sam-
ples represented the specific time interval between sampling rounds, all
remaining leachate was gravimetrically drained from the non-
recirculation LSRs following sample collection (implemented from the
second sampling round onwards). Samples were stored at 4°C prior to
analyses.

2.2.4. Solid phase sampling

To monitor solid phase changes, six sacrificial PP mesh bags (~250 g
wet waste, 3 mm PP mesh) were embedded in each LSR. At three in-
tervals during operation, a mesh bag was retrieved through the small lid
on top of the LSRs, sieved (4 mm), and stored at 4°C prior to pre-
treatment and analyses.

2.3. Sample analyses

2.3.1. Leachate analyses

The pH and electrical conductivity were measured immediately upon
collection. Samples were subsequently filtered through 0.45 pm cellu-
lose filters and split into three aliquots. Chloride and NH4 were analysed
on a discrete analyser (Skalar Bluvision, Analytical B.V., Breda, The
Netherlands). From round 7 onwards, NHZ, NO3 + NO3, and total N were
measured using a segmented flow analyser (SFA, San++, Skalar
Analytical B.V., Breda, The Netherlands). Other inorganic contaminants
were, after acidification to a concentration of 0.14 M HNOg, analysed on
an Inductively Coupled Plasma — Optical Atomic Emission Spectrometer
(ICP-OES iCAP 6500 DUO, Thermo Fisher Scientific Inc., Waltham, MA,
USA) (Al, Ca, Cu, Fe, K, Mg, Mn, Na, P, Si, Zn) and High Resolution —
Inductively Coupled Plasma — Mass Spectrometry (HR-ICP-MS Element
2, Thermo Fisher Scientific Inc., Waltham, MA, USA) (Al, As, Ba, Cd, Co,
Cr, Cu, Fe, Mn, Ni, Sb, Sr, V, Zn). The remaining aliquot was used to
determine organic C (OC) by measurement of total and inorganic C (TC
and IC respectively, where OC = TC - IC) using a SFA. In addition, this
aliquot was subjected to rapid batch fractionation [44] to determine
dissolved humic substances (HS: humic acid (HA), fulvic acid (FA),
hydrophilic acid (Hy), and hydrophobic neutrals (HON)).

2.3.2. Chemical extractions of solid waste

Reactive solid phases were characterized using selective extractions
on the mesh bag samples. Amorphous Al- and Fe (hydr)oxide contents
were estimated via ammonium oxalate [45] and ascorbic acid [46] ex-
tractions, respectively; crystalline Al- and Fe (hydr)oxides were esti-
mated using the dithionite extraction [47]. Concentrations of Al and Fe
in the extracts were measured with an ICP-OES. The total amount of HS
and its subfractions (HA, FA, Hy, HON) was determined through
acid-base extraction followed by rapid batch fractionation [44] and
subsequent OC determination with a SFA. Clay content was measured
via the sieve and pipette method [48], yet not for the mesh bag samples.
Finally, total reactive contaminant contents were determined by 0.43 M

HNOj3 extraction [49] and water-extractable concentrations by ultra-
pure water (UPW) extraction (L/S 10) followed by analysis via ICP-OES
and HR-ICP-MS for macro- and trace elements (see Section 2.3.1 for
specific elements).

2.4. Geochemical modelling

Geochemical modelling was conducted in the modelling framework
ORCHESTRA [50] in a similar set-up as van Raffe et al. [39]. This
approach included modelling adsorption to reactive surfaces (HA, FA,
Al- and Fe (hydr)oxides, clay) together with the formation of inorganic
complexes and precipitation/dissolution of mineral phases based on the
thermodynamic constants in the MINTEQV4 database [51]. Adsorption
to HA and FA was modelled using the NICA-Donnan model [52],
considering the generic parameters of Milne et al. [53,54] and taking the
measured dissolved (Section 2.3.1) and solid (Section 2.3.2) HA and FA
as input with an assumed carbon content of 50% [55]. Adsorption to Al-
and Fe (hydr)oxides was modelled using the generalized two-layer
model and generic parameters of Dzombak and Morel [56] taking hy-
drous ferric oxide (HFO) as a singular proxy for metal (hydr)oxides due
to the limited database of Al (hydr)oxides [57]. The content of HFO was
based on the measured quantities of amorphous and crystalline Al- and
Fe (hydr)oxides (Section 2.3.2). For amorphous (hydr)oxides a molar
ratio of 84 g Al/mol HFO, 95 g Fe/mol HFO [58], and a reactive surface
area of 600 m?/g [56] was assumed. For the crystalline (hydr)oxides a
molar ratio of 78 g Al/mol HFO, 89 g Fe/mol HFO, and a reactive sur-
face area of 100 m?%/ g [56,59] was assumed. In line with van Raffe et al.
[39], calculated HFO was corrected for binding to solid OM and dis-
solved OM based on separate model calculations and for dissolution of
amorphous (hydr)oxides based on measured dissolved Al and Fe con-
centrations in solution. A further correction was made to account for
sulphides in the anaerobic LSRs, as part of the initially determined ox-
ides likely dissolved and formed sulphides and as during pretreatment of
the waste in the mesh bags these sulphides may have partly dissolved
and reformed as oxides; both instances result in an overestimation of the
oxide content. To this end, HFO contents were halved based on the
model-predicted relevance of Fe-sulphide formation (pH + pe < 8).
Contrary to van Raffe et al. [39], adsorption to clay was modelled using
a Donnan model, taking measured clay content as input and assuming all
clay to be illite with a Donnan volume of 1 L/kg [60]. Additional inputs
consisted of a calculated liquid:solid ratio (L/S), measured leachate pH,
pe, dissolved concentrations of IC and competing elements, and reactive
element concentration (0.43 M HNOj; extraction) of the element of
which the dissolved concentration is to be predicted, based on the
aforementioned input parameters and in a similar fashion to van Raffe
et al. [39]. The model was used to calculate the solid-solution parti-
tioning and speciation of all analysed elements in both the solid and
solution phase for three distinct datasets: LSR leachate (Section 2.3.1),
the pH-dependent test (Section SM2, SI), and the mesh bag extracts
(Section 2.3.2). Findings from the latter two experiments were used to
build the modelling framework of the LSR leachate modelling (Section
SM3, SI); the LSR leachate modelling is described below.

The LSR leachate was modelled as a well-mixed batch system. While
the LSRs are dynamic systems, we believe this batch equilibrium
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approach was appropriate as the leachate was collected on average over
a period of one month between sampling rounds, following which
leachate was fully drained from the LSRs. Each leachate sample was thus
a representation of the entire LSR for the entire period between sampling
rounds. The L/S ratio was calculated based on a mass balance approach,
with total liquid calculated from added (initial water and added e.g.
through rain simulation) and removed water (drainage and leachate
sampling), and the solid weight being the initial dry weight minus the
dry mass removed with the mesh bags. Dissolved element and OM
concentrations together with pH were measured in the leachate samples.
The redox potential (pe) measured at 7.5 cm from the bottom of the
waste was used as model input, as the measured redox potential was
relatively consistent throughout the LSRs and the conditions at the
bottom most strongly dictate the leachate quality. The solid reactive
surfaces and reactive elements content was set to those determined in
the mesh bag extractions; for leachate sampling rounds where mesh bags
were not sampled, inputs were set equal to the last round in which mesh
bags were analysed. Assumed mineral forms in the modelling were
based on van Raffe et al. [39] and listed in Table S2.

Journal of Hazardous Materials 513 (2026) 142532
3. Experimental and modelling results & discussion
3.1. General parameters

Operational conditions (Table 1) significantly influenced the redox
potential (Fig. 2). Under leachate recirculation, strongly reducing con-
ditions (pe ~ —7.5) prevailed irrespective of waste origin. In contrast,
continuous aeration led to a steady increase in redox potential, stabi-
lizing at different plateaus for the different wastes: pe ~ 0 for Kra, pe =~ 3
for Bra, and a two-step increase for Wie (pe ~ —1 then =~ 3). The
Recirculation-Aeration treatment resulted in a more rapid oxidation for
Kra and Wie compared with continuous aeration. Here Kra exhibited a
two-step increase (pe ~ O then ~ 5), while Wie directly increased to
stabilize at the same level as for continuous aeration (pe = 3). This
accelerated response is likely due to the drainage step performed before
switching the operational conditions, which effectively removed dis-
solved reductants. Unexpectedly, the Bra Recirculation-Aeration LSR
showed no distinct increase of the redox potential after the switch to
aeration. This absence is probably due to compaction of the finer, clay-
rich waste during leachate recirculation restricting gas permeability, as
this compaction was observed during waste sampling upon LSR

Braambergen

Wieringermeer

Kragge

HA [mg/1]

FA [mg/1]

200 400 600 200

400 600 200 400 600

Days of operation

—.—Aeration + Recirculation-Aeration —.— Recirculation

Fig. 2. Measured changes in general parameters in the landfill simulation reactors during the operation under different operational conditions. The vertical dotted
lines indicate the date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and
Kragge switched from aeration to anaerobic conditions (green).



N. Quist et al.

termination.

Leachate pH increased slightly during recirculation, exceeding 8.0
(Fig. 2), a value characteristic of methanogenic or stable phase landfills
[61]. Conversely, aeration caused a pH decrease, consistent with pre-
vious LSR studies [35,62]. This acidification is likely driven by the
production of organic acids during stimulated OM degradation [63] and
proton release during nitrification [64,65].

Reactive organic matter fractions (HA and FA) increased in con-
centration during recirculation (Fig. 2), correlated with the observed
increased pH [39]. The lower HA and FA concentrations under aeration
are attributed to stimulated microbial degradation and the observed
decreasing pH (Fig. 2).

3.2. Inorganic contaminants

Inorganic contaminant concentrations in the LSR leachate showed a
strong dependence on operational conditions (Fig. 3 & Figure S7),
driven by the previously described shifts in redox potential, pH, and
dissolved HS. Based on mechanisms identified in the pH-dependent
leaching tests (Section SR1) and mesh bag extracts (Figures S4 & S5),
contaminants were categorized as anionic and two cationic subdivisions
based on i) redox sensitivity and ii) the observed pH of minimum solu-
bility (Figure S2). The geochemical model generally captured the
observed leaching trends (Figure S9), yet root mean square error (RMSE)
[66] values frequently exceeded 1 (Figure S10), indicating strong de-
viations between model calculations and measurements which are dis-
cussed below.

3.2.1. Reactive anions

Anionic contaminant concentrations, represented by As (Fig. 3),
generally remained stable under recirculation and decreased under
aeration. The geochemical model adequately predicts these trends,
identifying adsorption to Fe/Al (hydr)oxides as the controlling mecha-
nism for all operational conditions (Fig. 4). The observed decrease in As
leachate concentrations during aeration is attributed to increased anion
adsorption to these Fe/Al (hydr)oxides at the lower pH [67,68]. This
pH-dependency was clearly demonstrated in the pH-dependent test
(Figure S2) and best exemplified by the Bra aeration LSR, where a minor
pH increase around day 500 (Fig. 2) triggered a simultaneous spike in
anionic concentrations (Fig. 3 and Figure S7). In addition to changing
pH, the oxidation of Fe-sulphides during aeration may have induced the
(neo)formation of metal (hydr)oxides [69] and thereby provide addi-
tional binding sites, which further explains the observed reduced anion
mobility during aeration.

The other anionic contaminants (Mo, Sb, and P) all showed a similar
decrease in concentrations during aeration, albeit with an initial in-
crease in Mo and Sb concentrations (Figure S7). This was again pre-
dicted to be predominantly controlled by Fe/Al (hydr)oxide binding and
a predicted formation of calcium-phosphate minerals for P (Figure S12).
Under leachate recirculation Mo and Sb concentrations decrease and P
concentrations increase, with the contrary result of the latter potentially
related to organic P mineralization, as was previously found under
anaerobic conditions [70], or due to a stronger pH dependence of P at a
pH of 8 (Figure S2).

3.2.2. Reactive cations

Cationic contaminants can be distinguished based on their response
to a changing redox potential (via changes in their valency or changes in
the stability of sulphide minerals) and their pH of minimum solubility
(Section SR1, SI).

3.2.2.1. Redox sensitive cationic contaminants. Concentrations of redox
sensitive cations, represented by Fe, were stable under leachate recir-
culation and initially increased and subsequently decreased under
aeration (Fig. 3). The geochemical model predicted Fe to be present as a
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sulphide mineral under the anaerobic conditions of leachate recircula-
tion (Fig. 4). Upon aeration, the model predicted an increase in Fe
concentrations due to sulphide oxidation and mineral dissolution, fol-
lowed by a decrease in Fe concentrations due to the predicted precipi-
tation of first carbonate and then (hydr)oxide minerals (Figure S13).
This order of mineral precipitation is consistent with predicted Fe
behaviour in anaerobically deposited soils [71].

The reversibility of the above mechanisms can be observed for the
Bra and Kra Aeration LSRs, which return to anaerobic conditions on day
591 caused a spike in leachate Fe concentrations (Fig. 3) as formed Fe-
(hydr)oxides likely re-dissolved as Fe?'. The model captured this
dissolution, yet predicted a rapid re-formation of Fe-sulphides and a
corresponding drop in Fe concentrations (Fig. 4 & Figure S13). This drop
is not yet observed in the measurements, suggesting a kinetic lag.

Other redox sensitive metals (Cd, Cu, Mn, and Zn) similarly increased
and then decreased during aeration. The initial increase is for all pre-
dicted to be a result of sulphide mineral dissolution, while the subse-
quent decrease is either a result of mineral formation (Mn) or binding to
reactive surfaces (Cd, Cu, Zn) (Figure S12). Notably, the mesh bag ex-
tracts only showed a clear redox sensitivity for Fe and Cu (Figure S5),
which could only be modelled accurately by adjusting pe + pH values
upwards to account for oxidation during sampling and storage (Section
SM3).

3.2.2.2. Reactive cations with a solubility minimum below pH 8. Cationic
elements with a solubility minimum below pH 8, exemplified by Cr
(Fig. 3), generally increased in concentration in the recirculation LSRs
and decreased in concentration in the aeration LSRs. These trends par-
allel trends in HS solubility (Fig. 2), consistent with model predictions
that identify binding to dissolved HS (Fig. 4) as the primary control
mechanism for Cr [72,73]. Similar behaviour was observed for Sn and Al
in Kra LSRs, which are similarly characterized by a high affinity for OM
binding [54,74].

3.2.2.3. Reactive cations with a solubility minimum between pH 8 and 10.
For cationic elements with a solubility minimum between pH 8 and 10,
represented by Ni (Fig. 3), concentrations generally increased (Kra) or
remained stable (Bra & Wie) in the recirculation LSRs. During aeration,
concentrations initially increased and later decreased. The model poorly
predicted these dynamics, predicting Ni to be predominantly bound to
Fe/Al (hydr)oxides and OM (Fig. 4 & Figure S11) yet with a high un-
certainty considering the poor predictions. The observed differing
behaviour of Ni during leachate recirculation for the different waste is in
likelihood related to the different pH of minimum solubility. For Kra this
pH of minimum solubility is decidedly lower than for Bra and Wie
(Figure S2), related to its higher OM content [39]; the increasing pH
under recirculation thus moves away from minimum solubility and re-
sults in increasing concentrations. For Bra and Wie the pH hovers around
the minimum, resulting in stable concentrations.

The initial Ni concentration increase observed during aeration likely
resulted from an increased competition for surface binding sites
following mineral dissolution of other elements, specifically the release
of Fe upon sulphide dissolution and the subsequently discussed Ca
release upon carbonate dissolution. This influx of competing ions can
displace Ni, temporarily increasing the leachate concentration. The
subsequent decline in Ni aligns with the eventual decrease of these
competing elements, alongside a decrease in pH and dissolved HS con-
centrations (Fig. 2). The inability of the model to capture this ‘peak’
trend suggest that the assumed system equilibrium may not be valid
during rapid geochemical shifts. Si and Co showed similar trends
(Figure S7), although Si is predicted to be controlled by the formation of
silicate minerals rather than surface complexation (Figure S12).

3.2.2.4. Reactive cations with a solubility minimum above pH 10. Cationic
elements with a solubility minimum above pH 10, exemplified by Mg
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Fig. 3. Measured (symbols) and modelled (lines) concentrations of contaminants in the LSR leachates during LSR operation under different operational conditions.
The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and when the aeration LSRs of
Braambergen and Kragge switched from aeration to anaerobic conditions (green).
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(Fig. 3), decreased in concentration in the recirculation LSRs and
increased before subsequently decreasing in the aerated LSRs. The
geochemical model predicts these trends to be predominately steered by
mineral precipitation as either struvite or sepiolite (Fig. 4). Under
leachate recirculation, the elevated pH (Fig. 2) promotes mineral pre-
cipitation [39], thereby reducing leachate concentrations. Conversely,
the release of Mg during aeration likely stems from mineral dissolution
at lower pH and reduced availability of co-precipitating elements. The
subsequent decrease under aerated conditions was not captured by the
model. Potentially this is the result of a disconnect between the waste
mass (where mineral precipitation occurs) and the leachate (on which
calculations are based). Other contaminants in this group include Ba, Sr,
and Ca, all of which followed similar patterns (Figure S7), yet with
differing controlling minerals (sulphates for Ba, carbonates for Sr and
Ca) (Figure S12).

3.2.3. Ammonium

Ammonium (NHZ) tends to accumulate in landfill leachate due to the
absence of nitrification as a removal pathway under anaerobic condi-
tions [75,76], making it the contaminant of primary concern [9,14]. In
the LSRs NH4 concentrations decreased under both leachate recircula-
tion and aeration, with a more pronounced decline during aeration
(Fig. 3) related to differences in underlying mechanisms. During
leachate recirculation the observed decrease is likely driven by struvite
precipitation, as pH increased towards the struvite solubility minimum
(around pH 8.5 [77]) and P concentrations were elevated under leachate
recirculation (Figure S7). The geochemical model only predicted stru-
vite formation for Kra (Fig. 4 and Figure S17), however here model
predictions of NH; were also most accurate (Fig. 3). Under aerated
conditions the observed decrease of NHj is attributed to nitrification,
where NHj is oxidized to nitrate (NO3) by nitrifying bacteria, a pathway
well-documented in aerobically treated waste [78-80]. This is corrob-
orated by the corresponding increase in NO3 concentrations in the
leachate (Figure S18). Curiously, this increase is less pronounced when
aeration was preceded by leachate recirculation; the waste in the
Recirculation-Aeration treatment was likely sufficiently moist shortly
after the switch in conditions and thus promoted simultaneous
nitrification-denitrification.

3.2.3.1. The role of competing reductants and growth lag period. A
multitude of studies — varying in LSR size, waste composition, and
aeration intensity — have similarly demonstrated the potential of aera-
tion to reduce NHZ concentrations [16,18,21,28,65,81-86]. Remark-
ably, the required aeration period before NHj concentrations decreased
was relatively consistent across studies at approximately 100 days.
Considering the vast range of aeration intensities applied (from
22 ml/kg/h in this study to 4800 ml/kg/h [65]), this consistency sug-
gests that the oxidation of competing reductants (e.g. OM and sulphides
[87]) and the growth of nitrifying bacteria [88] are rate-limiting steps
for nitrification, rather than oxygen availability. This hypothesis ex-
plains why Cossu et al. [89] did not observe a decrease in NHj despite
applying an aeration rate of 208 ml/kg/h for 90 days; the duration was
likely insufficient to exhaust the competing reduced species and facili-
tate the growth of nitrifying bacteria. This is further supported by
studies where aeration was not preceded by an anaerobic initialisation
phase or where, instead of sampled landfill waste, synthetic waste was
used. In such cases reduced species did not accumulate, and the aerobic
microbial community did not switch their metabolism to a very low rate
to survive anaerobic conditions [90]. Correspondingly, aeration allowed
for an immediate oxidation of and steep decline in NHi [82-84].
Nitrification inhibition by sulphides may have further obstructed the
removal of NHj [91,92]. This effect is well illustrated by the
Recirculation-Aeration LSRs in this study: the drainage of leachate
removed a significant load of dissolved reductants, facilitating more
effective aeration and oxidation of sulphides which resulted in a more
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rapid decline of the NHJ concentrations (Fig. 3).

3.2.3.2. Rebound effects. The efficiency of aeration for NH4 removal is
widely recognized [93,94], yet to adhere to legislation criteria the
permanence of this removal is critical. A return of the Aeration LSRs of
Bra and Kra to anaerobic conditions resulted in a rebound of NHj
concentrations due to ongoing (anaerobic) OM degradation (Fig. 3). This
rebound effect has been noted previously [18], but was deemed limited
and related to a significantly increased NH{ sorption capacity of aerated
waste. We found no indication of an increased sorption capacity but
rather determined a reduced reactive surface area for our aerated waste
(Quist et al., in prep). As such, achieving a permanent reduction of NH}
concentrations via aeration requires the complete removal of the
degradable waste fraction, rather than temporary aeration.

4. Discussion on field scale implications
4.1. Identifying mechanisms underlying contaminant solubility

The previously identified mechanisms aligned closely with those
observed in the pore water of the leachate recirculation pilot landfill De
Kragge [40]. This consistency highlights the value of controlled ex situ
LSR set-ups in interpreting complex in situ processes, as the LSRs allow
for a detailed analysis of the solid-phase and the use of measured, rather
than assumed, redox potentials. This approach revealed the redox
sensitivity of Mn and Cd, which was not identified by van Raffe et al.
[40]. This discrepancy suggests that the true impact of redox conditions
may be obscured during sample transport and handling, as also evi-
denced by the limited redox sensitivity observed in the mesh bag ex-
tracts and the pH-dependent test (Section SR1, SI).

It should be noted that the studied waste composition represents
countries with highly developed waste collection systems. Nevertheless,
the underlying geochemical mechanisms observed here may be largely
universal. The insights obtained should therefore be translatable to
waste of different origins, even if the dominance of specific solubility-
steering mechanisms varies.

4.2. Achieving effective reductions in contaminant concentrations

The operational conditions employed in this study highlight the
importance of hydrology in active landfill treatment. In the
Recirculation-Aeration LSRs, the intermediate drainage of leachate rich
in reduced species resulted in rapid changes in redox conditions, thereby
accelerating the onset of nitrification and corresponding NH4 removal.
This suggests that the implementation of aeration as an active treatment
strategy could be significantly optimized by actively controlling the
hydrological conditions within landfill bodies. The accelerated response
must, however, be framed carefully; the observed faster transition
following leachate drainage does not necessarily equate to greater
overall treatment effectiveness.

An important note on active treatment effectiveness was demon-
strated by this study in the distinct trade-off for both the Aeration and
the Recirculation-Aeration treatments. The (rapid) reduction in NHZ
was counterbalanced by the transient mobilization of other contami-
nants. Parallel sulphide oxidation resulted in temporary concentration
peaks for several redox-sensitive elements, including Cd, Cu, Fe, Mn, and
Zn. With progressive aeration, the concentrations of these elements
returned to pre-aeration levels as they either adsorbed to solid reactive
surfaces or precipitated as (oxide) minerals. Ultimately, while
Recirculation-Aeration improved the kinetic response to aeration, it still
induced the transient mobilization of contaminants. Furthermore, the
long-term durability of these outcomes after active treatment ceases (e.
g. therisks of an NHZ rebound effect) remains a critical consideration for
overall environmental protection.
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4.3. Limitations

4.3.1. Translation of landfill simulation reactors to the landfill scale

While the LSRs provided valuable insights into mechanisms con-
trolling contaminant solubility, direct translation to the field is
complicated by their small scale, which cannot capture the complex
hydrology and heterogeneity of full-scale landfills [28,95]. A significant
difference is the presence of preferential flow paths; for example,
approximately 20% of water infiltrating De Kragge landfill leaves the
waste body as leachate within 45 days [96]. Preferential flow means
only specific waste regions are reached, and the limited contact time
prevents equilibrium between waste and water, thereby heavily
impacting contaminant dynamics. The filling materials in the LSRs were
specifically engineered to limit this preferential flow, ensuring highly
controlled experimental conditions but inherently dampening and
transforming the physical and hydrological heterogeneity present at
field scale.

A clear effect of the LSR scale was evident in the ‘uniform’ redox
conditions. The LSRs were either fully aerobic or anaerobic due to the
continuous introduction of compressed air or Ny gas, and switching
between gases resulted in a rapid transition of redox states. In contrast,
full-scale landfills simultaneously contain aerobic and anaerobic pockets
[97] and are thereby subject to a complex interplay of reducing and
oxidizing mechanisms. Because of this interplay, the distinct contami-
nant concentration peaks in the LSRs will likely not occur to the same
extent in the field. Instead, a dampened, continuous increase in con-
centrations is expected, followed by a gradual decrease. This will
potentially result in an extended timeframe of elevated concentrations,
though the peak levels will likely remain lower than those observed in
the LSRs.

Effective translation to the field scale will require assessing landfill
heterogeneity and hydrology, as well as linking the solubility-
controlling processes identified in this LSR study to chemical composi-
tional changes in landfill leachates, specifically where field-scale ap-
plications of aeration (Braambergen & Wieringermeer) and leachate
recirculation (Kragge) are being tested.

4.3.2. Equilibrium modelling

The mechanisms behind contaminant leaching were interpreted via
geochemical modelling. Because geochemical model calculations rely on
the concept of chemical equilibrium [98-100], meaningful calculations
for natural systems require the modelled system to be at least in a state of
local (and/or pseudo-) equilibrium, even though the system as a whole
may not be in true thermodynamic equilibrium. While conditions within
the LSRs were largely stable, aeration, particularly when preceded by
leachate recirculation, induced a sharp transitional phase until a new
steady state was reached. Such active transitions, in particular, cannot
be definitively modelled based on a chemical equilibrium assumption.

4.4. Implications for active treatment termination

The ultimate goal of active treatment is to reduce contaminant
concentrations below established ETVs, ensuring that residual emissions
do not pose environmental harm [13,14]. The current ETV determina-
tion assumes a ‘worst-case’ scenario where emissions remain constant
upon the termination of active treatment. However, our results chal-
lenge the applicability of this assumption.

In the aeration LSRs of Bra and Kra, conditions were reverted to an
anaerobic state after 574 days. Within days, concentrations of NH4 and
Fe rebounded. This return to anaerobic conditions is a likely scenario in
full-scale landfill bodies once active aeration ceases and residual oxygen
is consumed. Consequently, reliance on leachate concentrations alone is
insufficient for determining a safe termination point for active treat-
ment. A full understanding of the remaining emission potential of the
landfilled waste should be derived not only from developments in
leachate concentrations, but also from the evaluation of the evolving
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characteristics of the solid phase that ultimately control contaminant
mobility.

5. Conclusion

This study elucidated the geochemical mechanisms governing haz-
ardous contaminant leaching from landfill waste, demonstrating how
these mechanisms drive changes in contaminant mobility during active
treatment via aeration and leachate recirculation. By coupling landfill
simulation reactors and pH-dependent leaching tests with state-of-the-
art multi-surface geochemical modelling, we quantified the critical
roles of pH, redox potential, mineral formation/dissolution and organic
matter leaching in controlling contaminant solubility.

The impact of the specific treatment conditions was distinct.
Leachate recirculation maintained strongly reducing conditions and
stable humic substance concentrations, and generally increased pH.
Consequently, the concentration of multiple contaminants increased due
to pH-driven solubility shifts, while sulphide mineral precipitation
controlled the solubility of redox-sensitive elements. Conversely, aera-
tion lowered the pH and decreased concentrations of both organic and
inorganic C as the system became increasingly aerobic. This resulted in
an initial increase in contaminant concentrations due to mineral disso-
lution, followed by a decrease driven by binding to reactive surfaces and
the formation of new mineral precipitates (e.g. metal (hydr)oxides).

Crucially, the system response to aeration was markedly quicker
when preceded by leachate recirculation and subsequent leachate
drainage. This Recirculation-Aeration strategy effectively removed dis-
solved reductants prior to aeration, highlighting the importance of
adequate landfill drainage in accelerating field response to active
treatment.

Aeration proved most effective for decreasing NHj and dissolved OM
yet introduced a critical trade-off: the temporary mobilization of redox-
sensitive contaminants, which at peak levels exceeded emission target
values. Furthermore, returning the aerated LSRs to anaerobic conditions
resulted in a rebound in NH4 & Fe concentrations, challenging the
assumption that active aeration guarantees permanent stabilization.
Therefore, the environmentally safe termination of active treatment
cannot rely solely on leachate monitoring. It requires a robust charac-
terization of the solid waste’s emission potential to ensure that the re-
turn to anaerobic conditions does not result in a future exceedance of
emission target values.

Environmental implication

Current management of waste landfills requires encapsulating the
waste with impermeable layers, protecting the environment yet
requiring continuous monitoring and layer replacement. Actively
reducing contaminant emissions via aeration and/or leachate recircu-
lation is a more sustainable alternative, and its potential is shown in our
study. Particularly aeration resulted in a strong decrease in the leach-
ability of specific contaminants, yet this decrease was paired with an
increase in other contaminants. Furthermore, a return to anaerobic
conditions of aerated waste resulted in a re-increase of concentrations.
Environmentally safe and sustainable management of waste thus re-
quires a robust characterization of the waste’s emission potential.

CRediT authorship contribution statement

Joris J. Dijkstra: Writing — review & editing, Supervision, Formal
analysis. Rob N.J. Comans: Writing — review & editing, Supervision,
Funding acquisition, Formal analysis. Frank van Raffe: Writing — re-
view & editing, Writing — original draft, Visualization, Software, Meth-
odology, Formal analysis, Conceptualization. Nick Quist: Writing —
review & editing, Writing — original draft, Visualization, Methodology,
Investigation, Formal analysis, Data curation, Conceptualization.



N. Quist et al.

Declaration of Competing Interest

The authors declare the following financial interests/personal re-
lationships which may be considered as potential competing interests:
Frank van Raffe reports financial support was provided by Dutch
Research Council. Nick Quist reports financial support was provided by
Dutch Research Council. If there are other authors, they declare that
they have no known competing financial interests or personal re-
lationships that could have appeared to influence the work reported in
this paper

Acknowledgements

This research is part of the CURE project supported by the Dutch
National Science Foundation (NWO) under project no. OCENW.
GROOT.2019.092. The research is also supported by the Dutch Sus-
tainable Landfill Foundation via the pilot projects.

Appendix A. Supporting information

Supplementary data associated with this article can be found in the
online version at doi:10.1016/j.jhazmat.2026.142532.

Data availability

Data will be made available on request.

References

[1]

[2]

[3]

[4]

[5

o)

[6]

71

[8]

[9

—

[10]

[11]

[12]

[13]

[14]

[15]

Hoornweg D., Bhada-Tata P., 2012. A Global Review of Solid Waste Management
- Review, Global Management, Solid Waste. World Bank Urban Development
Series Knowledge Papers 1, 1-116.

United Nations Environment Programme, 2024. Global Waste Management
Outlook 2024: Beyond and age of waste - Turning rubbish into a resource.
Nairobi.

Das, S., Lee, S.H., Kumar, P., Kim, K.H., Lee, S.S., Bhattacharya, S.S., 2019. Solid
waste management: scope and the challenge of sustainability. J Clean Prod 228,
658-678. https://doi.org/10.1016/j.jclepro.2019.04.323.

European Parliament and Council of the European Union, 2008. Directive 2008/
98/EC of 19 November 2008 on waste and repealing certain Directives. Official
Journal of the European union.

Scharff, H., 2014. Landfill reduction experience in the Netherlands. Waste Manag
34, 2218-2224. https://doi.org/10.1016/j.wasman.2014.05.019.

Manheim, D.C., Yesiller, N., Hanson, J.L., 2021. Gas emissions from municipal
solid waste landfills: a comprehensive review and analysis of global data. J Indian
Inst Sci 2021 101, 625-657. https://doi.org/10.1007/541745-021-00234-4.
EEA, 2024. EEA greenhouse gases — data viewer | European Environment
Agency’s home page. (https://www.eea.europa.eu/en/analysis/maps-and-charts
/greenhouse-gases-viewer-data-viewers). Accessed 25 Mar 2025.

Teng, C., Zhou, K., Peng, C., Chen, W., 2021. Characterization and treatment of
landfill leachate: A review. Water Res 203, 117525. https://doi.org/10.1016/J.
WATRES.2021.117525.

Kjeldsen, P., Barlaz, M.A., Rooker, A.P., Baun, A., Ledin, A., Christensen, T.H.,
2002. Present and long-term composition of MSW landfill leachate: a review. Crit
Rev Environ Sci Technol 32, 297-336. https://doi.org/10.1080/
10643380290813462.

Dagwar, P.P., Dutta, D., 2024. Landfill leachate a potential challenge towards
sustainable environmental management. Sci Total Environ 926, 171668. https://
doi.org/10.1016/J.SCITOTENV.2024.171668.

Council of the European Union, 1999. Directive 1999/31/EC of 26 April 1999 on
the landfill of waste. J Eur Union.

Scharff, H., Van Zomeren, A., Van Der Sloot, H.A., 2011. Landfill sustainability
and aftercare completion criteria. Waste Manag Res 29, 30-40. https://doi.org/
10.1177/0734242X10384310.

Brand, E., De Nijs, T.C.M., Dijkstra, J.J., Comans, R.N.J., 2016. A novel approach
in calculating site-specific aftercare completion criteria for landfills in The
Netherlands: Policy developments. Waste Manag 56, 255-261. https://doi.org/
10.1016/j.wasman.2016.07.038.

Dijkstra, J.J., Van Zomeren, A., Brand, E., Comans, R.N.J., 2018. Site-specific
aftercare completion criteria for sustainable landfilling in the Netherlands:
Geochemical modelling and sensitivity analysis. Waste Manag 75, 407-414.
https://doi.org/10.1016/J.WASMAN.2018.02.002.

Van Raffe, F., Quist, N., Kanen, T., Comans, R.N.J., 2023. Sustainable landfill
management in the Netherlands: Long term changes in landfill leachate quality
during (an)aerobic in-situ stabilization. 19th international symposium on waste
management, resource recovery and sustainable landfilling.

11

[16]

[17]

[18]

[19]

[20]

[21]

[22]

[23]

[24]

[25]

[26]

[27]

[28]

[29]

[30]

[31]

[32]

[33]

[34]

[35]

[36]

[37]

[38]

[39]

Journal of Hazardous Materials 513 (2026) 142532

Prantl, R., Tesar, M., Huber-Humer, M., Lechner, P., 2006. Changes in carbon and
nitrogen pool during in-situ aeration of old landfills under varying conditions.
Waste Manag 26, 373-380. https://doi.org/10.1016/J.WASMAN.2005.11.010.
Fellner, J., Doberl, G., Allgaier, G., Brunner, P.H., 2009. Comparing field
investigations with laboratory models to predict landfill leachate emissions.
Waste Manag 29, 1844-1851. https://doi.org/10.1016/J.
WASMAN.2008.12.022.

Fricko, N., Brandstatter, C., Fellner, J., 2021. Enduring reduction of carbon and
nitrogen emissions from landfills due to aeration? Waste Manag 135, 457-466.
https://doi.org/10.1016/j.wasman.2021.09.024.

Erses, A.S., Onay, T.T., Yenigun, O., 2008. Comparison of aerobic and anaerobic
degradation of municipal solid waste in bioreactor landfills. Bioresour Technol
99, 5418-5426. https://doi.org/10.1016/J.BIORTECH.2007.11.008.
Brandstatter, C., Laner, D., Fellner, J., 2015. Carbon pools and flows during lab-
scale degradation of old landfilled waste under different oxygen and water
regimes. Waste Manag 40, 100-111. https://doi.org/10.1016/j.
wasman.2015.03.011.

Brandstatter, C., Laner, D., Fellner, J., 2015. Nitrogen pools and flows during lab-
scale degradation of old landfilled waste under different oxygen and water
regimes. Biodegradation 26, 399-414. https://doi.org/10.1007/510532-015-
9742-5.

Nikolaou, A., Giannis, A., Gidarakos, E., 2010. Comparative studies of aerobic and
anaerobic treatment of MSW organic fraction in landfill bioreactors. Environ
Technol 31, 1381-1389. https://doi.org/10.1080/09593331003743104.

Tong, H., Yin, K., Giannis, A., Ge, L., Wang, J.Y., 2015. Influence of temperature
on carbon and nitrogen dynamics during in situ aeration of aged waste in
simulated landfill bioreactors. Bioresour Technol 192, 149-156. https://doi.org/
10.1016/j.biortech.2015.05.049.

San, 1., Onay, T.T., 2001. Impact of various leachate recirculation regimes on
municipal solid waste degradation. J Hazard Mater 87, 259-271. https://doi.org/
10.1016/S0304-3894(01)00290-4.

Long, Y., Liu, D., Xu, J., Fang, Y., Du, Y., Shen, D., 2018. Release behavior of
chloride from MSW landfill simulation reactors with different operation modes.
Waste Manag 77, 350-355. https://doi.org/10.1016/J.WASMAN.2018.04.018.
Cerminara, G., Raga, R., Hirata, O., Pivato, A., 2020. Denitrification of low C/N
landfill leachate in lab-scale landfill simulation bioreactors. Waste Manag 113,
236-243. https://doi.org/10.1016/J.WASMAN.2020.05.041.

Sinan Bilgili, M., Demir, A., Ince, M., bzkaya, B., 2007. Metal concentrations of
simulated aerobic and anaerobic pilot scale landfill reactors. J Hazard Mater 145,
186-194. https://doi.org/10.1016/j.jhazmat.2006.11.014.

Hrad, M., Gamperling, O., Huber-Humer, M., 2013. Comparison between lab- and
full-scale applications of in situ aeration of an old landfill and assessment of long-
term emission development after completion. Waste Manag 33, 2061-2073.
https://doi.org/10.1016/j.wasman.2013.01.027.

Giannis, A., Makripodis, G., Simantiraki, F., Somara, M., Gidarakos, E., 2008.
Monitoring operational and leachate characteristics of an aerobic simulated
landfill bioreactor. Waste Manag 28, 1346-1354. https://doi.org/10.1016/J.
WASMAN.2007.06.024.

Erses, A.S., Onay, T.T., 2003. situ heavy metal attenuation in landfills under
methanogenic conditions. J Hazard Mater 99, 159-175. https://doi.org/10.1016/
S0304-3894(02)00354-0.

Kim, H., Jang, Y.C., Townsend, T., 2011. The behavior and long-term fate of
metals in simulated landfill bioreactors under aerobic and anaerobic conditions.
J Hazard Mater 194, 369-377. https://doi.org/10.1016/J.
JHAZMAT.2011.07.119.

Weng, L., Temminghoff, E.J.M., Lofts, S., Tipping, E., Van Riemsdijk, W.H., 2002.
Complexation with dissolved organic matter and solubility control of heavy
metals in a sandy soil. Environ Sci Technol 36, 4804-4810. https://doi.org/
10.1021/es0200084.

Kalbitz, K., Wennrich, R., 1998. Mobilization of heavy metals and arsenic in
polluted wetland soils and its dependence on dissolved organic matter. Sci Total
Environ 209, 27-39. https://doi.org/10.1016/50048-9697(97)00302-1.
Groenenberg, J.E., Dijkstra, J.J., Bonten, L.T.C., De Vries, W., Comans, R.N.J.,
2012. Evaluation of the performance and limitations of empirical partition-
relations and process based multisurface models to predict trace element
solubility in soils. Environ Pollut 166, 98-107. https://doi.org/10.1016/j.
envpol.2012.03.011.

van Turnhout, A.G., Brandstatter, C., Kleerebezem, R., Fellner, J., Heimovaara, T.
J., 2018. Theoretical analysis of municipal solid waste treatment by leachate
recirculation under anaerobic and aerobic conditions. Waste Manag 71, 246-254.
https://doi.org/10.1016/j.wasman.2017.09.034.

Di Bonito, M., Lofts, S., Groenenberg, J.E., 2024. Models of Geochemical
Speciation: Structure and Applications. Environmental Geochemistry: Site
Characterization, Data Analysis and Case Histories: Second Edition. Elsevier,
pPp. 329-419. https://doi.org/10.1016/B978-0-443-13801-0.00017-7.

Dijkstra, J.J., Meeussen, J.C.L., Comans, R.N.J., 2009. Evaluation of a generic
multisurface sorption model for inorganic soil contaminants. Environ Sci Technol
43, 6196-6201. https://doi.org/10.1021/es900555g.

Van Der Sloot, H.A., Kosson, D.S., Van Zomeren, A., 2017. Leaching, geochemical
modelling and field verification of a municipal solid waste and a predominantly
non-degradable waste landfill. Waste Manag 63, 74-95. https://doi.org/10.1016/
j-wasman.2016.07.032.

van Raffe, F., Dijkstra, J.J., Comans, R.N.J., 2025. Mechanisms controlling the
release of inorganic contaminants, organic matter fractions, and ammonium from
solid landfill waste: pH-dependent leaching experiments and geochemical


https://doi.org/10.1016/j.jhazmat.2026.142532
https://doi.org/10.1016/j.jclepro.2019.04.323
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref2
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref2
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref2
https://doi.org/10.1016/j.wasman.2014.05.019
https://doi.org/10.1007/S41745-021-00234-4
https://www.eea.europa.eu/en/analysis/maps-and-charts/greenhouse-gases-viewer-data-viewers
https://www.eea.europa.eu/en/analysis/maps-and-charts/greenhouse-gases-viewer-data-viewers
https://doi.org/10.1016/J.WATRES.2021.117525
https://doi.org/10.1016/J.WATRES.2021.117525
https://doi.org/10.1080/10643380290813462
https://doi.org/10.1080/10643380290813462
https://doi.org/10.1016/J.SCITOTENV.2024.171668
https://doi.org/10.1016/J.SCITOTENV.2024.171668
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref8
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref8
https://doi.org/10.1177/0734242X10384310
https://doi.org/10.1177/0734242X10384310
https://doi.org/10.1016/j.wasman.2016.07.038
https://doi.org/10.1016/j.wasman.2016.07.038
https://doi.org/10.1016/J.WASMAN.2018.02.002
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref12
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref12
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref12
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref12
https://doi.org/10.1016/J.WASMAN.2005.11.010
https://doi.org/10.1016/J.WASMAN.2008.12.022
https://doi.org/10.1016/J.WASMAN.2008.12.022
https://doi.org/10.1016/j.wasman.2021.09.024
https://doi.org/10.1016/J.BIORTECH.2007.11.008
https://doi.org/10.1016/j.wasman.2015.03.011
https://doi.org/10.1016/j.wasman.2015.03.011
https://doi.org/10.1007/s10532-015-9742-5
https://doi.org/10.1007/s10532-015-9742-5
https://doi.org/10.1080/09593331003743104
https://doi.org/10.1016/j.biortech.2015.05.049
https://doi.org/10.1016/j.biortech.2015.05.049
https://doi.org/10.1016/S0304-3894(01)00290-4
https://doi.org/10.1016/S0304-3894(01)00290-4
https://doi.org/10.1016/J.WASMAN.2018.04.018
https://doi.org/10.1016/J.WASMAN.2020.05.041
https://doi.org/10.1016/j.jhazmat.2006.11.014
https://doi.org/10.1016/j.wasman.2013.01.027
https://doi.org/10.1016/J.WASMAN.2007.06.024
https://doi.org/10.1016/J.WASMAN.2007.06.024
https://doi.org/10.1016/S0304-3894(02)00354-0
https://doi.org/10.1016/S0304-3894(02)00354-0
https://doi.org/10.1016/J.JHAZMAT.2011.07.119
https://doi.org/10.1016/J.JHAZMAT.2011.07.119
https://doi.org/10.1021/es0200084
https://doi.org/10.1021/es0200084
https://doi.org/10.1016/S0048-9697(97)00302-1
https://doi.org/10.1016/j.envpol.2012.03.011
https://doi.org/10.1016/j.envpol.2012.03.011
https://doi.org/10.1016/j.wasman.2017.09.034
https://doi.org/10.1016/B978-0-443-13801-0.00017-7
https://doi.org/10.1021/es900555g
https://doi.org/10.1016/j.wasman.2016.07.032
https://doi.org/10.1016/j.wasman.2016.07.032

N. Quist et al.

[40]

[41]

[42]

[43]

[44]

[45]

[46]

[47]

[48]

[49]

[50]

[51]

[52]

[53]

[54]

[55]
[56]

[57]

[58]

[59]

[60]

[61]

[62]

[63]

[64]

[65]

[66]

modelling. Appl Geochem 190, 106503. https://doi.org/10.1016/j.
apgeochem.2025.106503.

van Raffe, F., Quist, N., Rees-White, T.C., Comans, R.N.J., 2026. Geochemical
Processes Controlling In Situ Contaminant Solubility in Landfills. ACS ES T Water
6, 1481-1490. https://doi.org/10.1021/acsestwater.5¢00840.

Yi, S., Meza, N., Gebert, J., 2025. Application of the nitrogen-to-argon ratio to
understand nitrogen transformation pathways in landfills under in-situ
stabilization. Waste Manag 194, 13-23. https://doi.org/10.1016/j.
wasman.2024.12.042.

ISO 21268-3, 2019. Soil quality — Leaching procedures for subsequent chemical
and ecotoxicological testing of soil and soil-like materials — Part 3: Up-flow
percolation test.

Wolkersdorfer, C., 2008. Water management at abandoned flooded underground
mines: Fundamentals, tracer tests, modelling, water treatment. Springer, Berlin
Heidelberg.

Van Zomeren, A., Comans, R.N.J., 2007. Measurement of humic and fulvic acid
concentrations and dissolution properties by a rapid batch procedure. Environ Sci
Technol 41, 6755-6761. https://doi.org/10.1021/es0709223.

ISO 12782-3, 2012. Soil quality — Parameters for geochemical modelling of
leaching and speciation of constituents in soils and materials — Part 3: Extraction
of aluminium oxides and hydroxides with ammonium oxalate/oxalic acid.

ISO 12782-1, 2012. Soil quality — Parameters for geochemical modelling of
leaching and speciation of constituents in soils and materials — Part 1: Extraction
of amorphous iron oxides and hydroxides with ascorbic acid.

ISO 12782-2, 2012. Soil quality — Parameters for geochemical modelling of
leaching and speciation of constituents in soils and materials — Part 2: Extraction
of crystalline iron oxides and hydroxides with dithionite.

Houba, V.J.G., Novozamsky, 1., van der Lee, J., 1995. Soil analysis procedures:
other procedures, 6th ed. Agricultural University, Wageningen, The Netherlands.
Groenenberg, J.E., Romkens, P.F.A.M., Zomeren, A.Van, Rodrigues, S.M.,
Comans, R.N.J., 2017. Evaluation of the Single Dilute (0.43 M) Nitric Acid
Extraction to Determine Geochemically Reactive Elements in Soil. Environ Sci
Technol 51, 2246-2253. https://doi.org/10.1021/acs.est.6b05151.

Meeussen, J.C.L., 2003. Orchestra: An object-oriented framework for
implementing chemical equilibrium models. Environ Sci Technol 37, 1175-1182.
https://doi.org/10.1021/es025597s.

US EPA, 1999. MINTEQA2/PRODEFA2, A Geochemical assessment model for
environmental systems: user manual supplement for versio 4.0. Athens, GA.
Kinniburgh, D.G., Milne, C.J., Benedetti, M.F., Pinheiro, J.P., Filius, J., Koopal, L.
K., et al., 1996. Metal ion binding by humic acid: Application of the NICA-Donnan
model. Environ Sci Technol 30, 1687-1698. https://doi.org/10.1021/es950695h.
Milne, C.J., Kinniburgh, D.G., Tipping, E., 2001. Generic NICA-Donnan model
parameters for proton binding by humic substances. Environ Sci Technol 35,
2049-2059. https://doi.org/10.1021/es000123;j.

Milne, C.J., Kinniburgh, D.G., Van Riemsdijk, W.H., Tipping, E., 2003. Generic
NICA - Donnan model parameters for metal-ion binding by humic substances.
Environ Sci Technol 37, 958-971. https://doi.org/10.1021/es0258879.

Pribyl, D.W., 2010. A critical review of the conventional SOC to SOM conversion
factor. Geoderma 156, 75-83. https://doi.org/10.1016/j.geoderma.2010.02.003.
Dzombak, D.A., Morel, F., 1990. Surface complexation modeling: hydrous ferric
oxide. John Wiley & Sons.

Meima, J.A., Comans, R.N.J., 1999. The leaching of trace elements from
municipal solid waste incinerator bottom ash at different stages of weathering.
Appl Geochem 14, 159-171. https://doi.org/10.1016,/50883-2927(98)00047-X.
Hiemstra, T., Van Riemsdijk, W.H., 2009. A surface structural model for
ferrihydrite I: Sites related to primary charge, molar mass, and mass density.
Geochim Cosmochim Acta 73, 4423-4436. https://doi.org/10.1016/j.
gca.2009.04.032.

Van Eynde, E., Weng, L., Comans, R.N.J., 2020. Boron speciation and
extractability in temperate and tropical soils: A multi-surface modeling approach.
Appl Geochem 123, 104797. https://doi.org/10.1016/J.
APGEOCHEM.2020.104797.

Weng, L., Temminghoff, E.J.M., Van Riemsdijk, W.H., 2001. Contribution of
individual sorbents to the control of heavy metal activity in sandy soil. Environ
Sci Technol 35, 4436-4443. https://doi.org/10.1021/es010085j.

Sanphoti, N., Towprayoon, S., Chaiprasert, P., Nopharatana, A., 2006. The effects
of leachate recirculation with supplemental water addition on methane
production and waste decomposition in a simulated tropical landfill. J Environ
Manag 81, 27-35. https://doi.org/10.1016/J.JENVMAN.2005.10.015.

Raga, R., Cossu, R., 2013. Bioreactor tests preliminary to landfill in situ aeration:
A case study. Waste Manag 33, 871-880. https://doi.org/10.1016/J.
WASMAN.2012.11.014.

Sundberg, C., Smars, S., Jonsson, H., 2004. Low pH as an inhibiting factor in the
transition from mesophilic to thermophilic phase in composting. Bioresour
Technol 95, 145-150. https://doi.org/10.1016/J.BIORTECH.2004.01.016.
Gundersen, P., Rasmussen, L., 1990. Nitrification in forest soils: effects from
nitrogen deposition on soil acidification and aluminum release. Rev. environ.
contam. toxicol. 1-45.

Nag, M., Shimaoka, T., Komiya, T., 2018. Influence of operations on leachate
characteristics in the Aerobic-Anaerobic Landfill Method. Waste Manag 78,
698-707. https://doi.org/10.1016/J.WASMAN.2018.06.044.

Bennett, N.D., Croke, B.F.W., Guariso, G., Guillaume, J.H.A., Hamilton, S.H.,
Jakeman, A.J., et al., 2013. Characterising performance of environmental models.
Environ Model & Softw 40, 1-20. https://doi.org/10.1016/J.
ENVSOFT.2012.09.011.

12

[67]

[68]

[69]

[70]

[71]

[72]

[73]

[74]

[75]

[76]

[771

[78]

[79]

[80]

[81]

[82]

[83]

[84]

[85]

[86]

[87]

[88]

[89]

[90]

[91]

Journal of Hazardous Materials 513 (2026) 142532

Kosmulski, M., 2016. Isoelectric points and points of zero charge of metal (hydr)
oxides: 50 years after Parks’ review. Adv Colloid Interface Sci 238, 1-61. https://
doi.org/10.1016/j.¢is.2016.10.005.

Hiemstra, T., Van Riemsdijk, W.H., 1999. Surface Structural Ion Adsorption
Modeling of Competitive Binding of Oxyanions by Metal (Hydr)oxides. J Colloid
Interface Sci 210, 182-193. https://doi.org/10.1006/JCIS.1998.5904.

Couture, R.M., Rose, J., Kumar, N., Mitchell, K., Wallschlager, D., Van
Cappellen, P., 2013. Sorption of arsenite, arsenate, and thioarsenates to iron
oxides and iron sulfides: A kinetic and spectroscopic investigation. Environ Sci
Technol 47, 5652-5659. https://doi.org/10.1021/es3049724.

Vink, J.P.M., Harmsen, J., Rijnaarts, H., 2010. Delayed immobilization of heavy
metals in soils and sediments under reducing and anaerobic conditions;
consequences for flooding and storage. J Soils Sediment 10, 1633-1645. https://
doi.org/10.1007/s11368-010-0296-1.

Vink, J.P.M., van Zomeren, A., Dijkstra, J.J., Comans, R.N.J., 2017. When soils
become sediments: Large-scale storage of soils in sandpits and lakes and the
impact of reduction kinetics on heavy metals and arsenic release to groundwater.
Environ Pollut 227, 146-156. https://doi.org/10.1016/J.ENVPOL.2017.04.016.
van Raffe, F., Comans, R.N.J., Groenenberg, J.E., 2025. Chromium(III) Binding to
Purified Fulvic and Humic Acids and Their Solid-Solution Partitioning and
Speciation in Soil. ACS Earth Space Chem. https://doi.org/10.1021/
acsearthspacechem.5c00075.

Wang, H., Yuan, Y., Tan, W., Zhang, J., Gong, X., Li, Y., et al., 2024. New insight
into the functional group mechanism and structure-activity relationship of the
complexation between DOM and Cr(III) in landfill leachate. J Hazard Mater 466,
133210. https://doi.org/10.1016/J.JHAZMAT.2023.133210.

Weng, L., Temminghoff, E.J.M., Van Riemsdijk, W.H., 2002. Aluminum
speciation in natural waters: measurement using Donnan membrane technique
and modeling using NICA-Donnan. Water Res 36, 4215-4226. https://doi.org/
10.1016/50043-1354(02)00166-5.

Zhao, S., Zheng, Q., Wang, H., Fan, X., 2024. Nitrogen in landfills: Sources,
environmental impacts and novel treatment approaches. Sci Total Environ 924,
171725. https://doi.org/10.1016/J.SCITOTENV.2024.171725.

Berge, N.D., Reinhart, D.R., Townsend, T.G., 2005. The fate of nitrogen in
bioreactor landfills. Crit Rev Environ Sci Technol 35, 365-399. https://doi.org/
10.1080/10643380590945003.

Kumar, R., Pal, P., 2015. Assessing the feasibility of N and P recovery by struvite
precipitation from nutrient-rich wastewater: a review. Environ Sci Pollut Res 22,
17453-17464. https://doi.org/10.1007/s11356-015-5450-2.

Zeng, Y., De Guardia, A., Ziebal, C., De Macedo, F.J., Dabert, P., 2012.
Nitrification and microbiological evolution during aerobic treatment of municipal
solid wastes. Bioresour Technol 110, 144-152. https://doi.org/10.1016/J.
BIORTECH.2012.01.135.

Mertoglu, B., Calli, B., Inanc, B., Ozturk, I., 2006. Evaluation of in situ ammonia
removal in an aerated landfill bioreactor. Process Biochem 41, 2359-2366.
https://doi.org/10.1016/J.PROCBIO.2006.06.014.

Wu, C., Shimaoka, T., Nakayama, H., Komiya, T., Chai, X., Hao, Y., 2014.
Influence of aeration modes on leachate characteristic of landfills that adopt the
aerobic-anaerobic landfill method. Waste Manag 34, 101-111. https://doi.org/
10.1016/J.WASMAN.2013.10.015.

Ritzkowski, M., Heyer, K.U., Stegmann, R., 2006. Fundamental processes and
implications during in situ aeration of old landfills. Waste Manag 26, 356-372.
https://doi.org/10.1016/j.wasman.2005.11.009.

Morello, L., Cossu, R., Raga, R., Pivato, A., Lavagnolo, M.C., 2016. Recirculation
of reverse osmosis concentrate in lab-scale anaerobic and aerobic landfill
simulation reactors. Waste Manag 56, 262-270. https://doi.org/10.1016/J.
WASMAN.2016.07.030.

Bolyard, S.C., Reinhart, D.R., 2016. Application of landfill treatment approaches
for stabilization of municipal solid waste. Waste Manag 55, 22-30. https://doi.
org/10.1016/J.WASMAN.2016.01.024.

Slezak, R., Krzystek, L., Ledakowicz, S., 2009. Simulation of aerobic landfill in
laboratory scale lysimeters — effect of aeration rate. Chem Pap 2009 64,
223-229. https://doi.org/10.2478/511696-009-0113-8.

Slezak, R., Krzystek, L., Ledakowicz, S., 2015. Degradation of municipal solid
waste in simulated landfill bioreactors under aerobic conditions. Waste Manag
43, 293-299. https://doi.org/10.1016/J.WASMAN.2015.06.017.

Borglin, S.E., Hazen, T.C., Oldenburg, C.M., Zawislanski, P.T., 2004. Comparison
of aerobic and anaerobic biotreatment of municipal solid waste. J Air Waste
Manag Assoc 54, 815-822. https://doi.org/10.1080/10473289.2004.10470951.
Borch, T., Kretzschmar, R., Skappler, A., Van Cappellen, P., Ginder-Vogel, M.,
Voegelin, A, et al., 2010. Biogeochemical redox processes and their impact on
contaminant dynamics. Environ Sci Technol 44, 15-23. https://doi.org/10.1021/
€59026248.

Prosser, J.I., 2007. The Ecology of Nitrifying Bacteria. Biol Nitrogen Cycle
223-243. https://doi.org/10.1016/B978-044452857-5.50016-3.

Cossu, R., Morello, L., Raga, R., Cerminara, G., 2016. Biogas production
enhancement using semi-aerobic pre-aeration in a hybrid bioreactor landfill.
Waste Manag 55, 83-92. https://doi.org/10.1016/J.WASMAN.2015.10.025.
Diab, S., Kochba, M., Avnimelech, Y., 1993. Nitrification pattern in a fluctuating
anaerobic-aerobic pond environment. Water Res 27, 1469-1475. https://doi.org/
10.1016/0043-1354(93)90027-F.

Schalk, T., Marx, C., Haupt, A., Kiihn, V., Krebs, P., 2019. Long-Term Effects of
Sulfide on Ammonia Oxidation and Nitrite Accumulation in a Seasonally Loaded
Vertical Flow Constructed Wetland. Wetlands 2019 40, 205-222. https://doi.org/
10.1007/513157-019-01185-4.


https://doi.org/10.1016/j.apgeochem.2025.106503
https://doi.org/10.1016/j.apgeochem.2025.106503
https://doi.org/10.1021/acsestwater.5c00840
https://doi.org/10.1016/j.wasman.2024.12.042
https://doi.org/10.1016/j.wasman.2024.12.042
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref39
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref39
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref39
https://doi.org/10.1021/es0709223
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref41
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref41
https://doi.org/10.1021/acs.est.6b05151
https://doi.org/10.1021/es025597s
https://doi.org/10.1021/es950695h
https://doi.org/10.1021/es000123j
https://doi.org/10.1021/es0258879
https://doi.org/10.1016/j.geoderma.2010.02.003
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref48
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref48
https://doi.org/10.1016/S0883-2927(98)00047-X
https://doi.org/10.1016/j.gca.2009.04.032
https://doi.org/10.1016/j.gca.2009.04.032
https://doi.org/10.1016/J.APGEOCHEM.2020.104797
https://doi.org/10.1016/J.APGEOCHEM.2020.104797
https://doi.org/10.1021/es010085j
https://doi.org/10.1016/J.JENVMAN.2005.10.015
https://doi.org/10.1016/J.WASMAN.2012.11.014
https://doi.org/10.1016/J.WASMAN.2012.11.014
https://doi.org/10.1016/J.BIORTECH.2004.01.016
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref56
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref56
http://refhub.elsevier.com/S0304-3894(26)01510-4/sbref56
https://doi.org/10.1016/J.WASMAN.2018.06.044
https://doi.org/10.1016/J.ENVSOFT.2012.09.011
https://doi.org/10.1016/J.ENVSOFT.2012.09.011
https://doi.org/10.1016/j.cis.2016.10.005
https://doi.org/10.1016/j.cis.2016.10.005
https://doi.org/10.1006/JCIS.1998.5904
https://doi.org/10.1021/es3049724
https://doi.org/10.1007/s11368-010-0296-1
https://doi.org/10.1007/s11368-010-0296-1
https://doi.org/10.1016/J.ENVPOL.2017.04.016
https://doi.org/10.1021/acsearthspacechem.5c00075
https://doi.org/10.1021/acsearthspacechem.5c00075
https://doi.org/10.1016/J.JHAZMAT.2023.133210
https://doi.org/10.1016/S0043-1354(02)00166-5
https://doi.org/10.1016/S0043-1354(02)00166-5
https://doi.org/10.1016/J.SCITOTENV.2024.171725
https://doi.org/10.1080/10643380590945003
https://doi.org/10.1080/10643380590945003
https://doi.org/10.1007/s11356-015-5450-2
https://doi.org/10.1016/J.BIORTECH.2012.01.135
https://doi.org/10.1016/J.BIORTECH.2012.01.135
https://doi.org/10.1016/J.PROCBIO.2006.06.014
https://doi.org/10.1016/J.WASMAN.2013.10.015
https://doi.org/10.1016/J.WASMAN.2013.10.015
https://doi.org/10.1016/j.wasman.2005.11.009
https://doi.org/10.1016/J.WASMAN.2016.07.030
https://doi.org/10.1016/J.WASMAN.2016.07.030
https://doi.org/10.1016/J.WASMAN.2016.01.024
https://doi.org/10.1016/J.WASMAN.2016.01.024
https://doi.org/10.2478/S11696-009-0113-8
https://doi.org/10.1016/J.WASMAN.2015.06.017
https://doi.org/10.1080/10473289.2004.10470951
https://doi.org/10.1021/es9026248
https://doi.org/10.1021/es9026248
https://doi.org/10.1016/B978-044452857-5.50016-3
https://doi.org/10.1016/J.WASMAN.2015.10.025
https://doi.org/10.1016/0043-1354(93)90027-F
https://doi.org/10.1016/0043-1354(93)90027-F
https://doi.org/10.1007/S13157-019-01185-4
https://doi.org/10.1007/S13157-019-01185-4

N. Quist et al.

[92]

[93]

[94]

[95]

Ivén, D., Ivén, L, Ortiz, B., Fr, F., Fréd, F., Thalasso, F., et al., 2013. Inhibitory
effect of sulfide on the nitrifying respiratory process. J Chem Technol Biotechnol
88, 1344-1349. https://doi.org/10.1002/JCTB.3982.

Ritzkowski, M., Stegmann, R., 2007. Controlling greenhouse gas emissions
through landfill in situ aeration. Int J Greenh Gas Control 1, 281-288. https://
doi.org/10.1016/51750-5836(07)00029-1.

Hao, Y.J., Ji, M., Chen, Y.X., Wu, W.X., Zhang, S.G., Liu, H.Q., 2010. The pathway
of in-situ ammonium removal from aerated municipal solid waste bioreactor:
nitrification/denitrification or air stripping? Waste Manag & Res 28, 1057-1064.
https://doi.org/10.1177/0734242X09355182.

Ritzkowski, M., Stegmann, R., 2012. Landfill aeration worldwide: Concepts,
indications and findings. Waste Manag 32, 1411-1419. https://doi.org/10.1016/
j-wasman.2012.02.020.

13

[96]

[97]

[98]

[99]

[100]

Journal of Hazardous Materials 513 (2026) 142532

Heimovaara, T.J., Wang, L., 2025. Quantification of Emission Potential of Landfill
Waste Bodies Using a Stochastic Leaching Framework. Water Resour Res 61.
https://doi.org/10.1029/2024WR038360.

Konstantaki, L.A., Ghose, R., Draganov, D., Heimovaara, T., 2016. Wet and gassy
zones in a municipal landfill from P- and S-wave velocity fields. Geophysics 81,
75-86. https://doi.org/10.1190/GE02015-0581.1.

Nordstrom D.K. Pitfalls and Limitations of Mineral Equilibrium Assumptions for
Geochemical Modeling of Water-Rock Interactions at Mine Site.

Kirk Nordstrom, D., 2012. Models, validation, and applied geochemistry: Issues in
science, communication, and philosophy. Appl Geochem 27, 1899-1919. https://
doi.org/10.1016/j.apgeochem.2012.07.007.

Koopal, L., Tan, W., Avena, M., 2020. Equilibrium mono- and multicomponent
adsorption models: From homogeneous ideal to heterogeneous non-ideal binding.
Adv Colloid Interface Sci 280. https://doi.org/10.1016/j.cis.2020.102138.


https://doi.org/10.1002/JCTB.3982
https://doi.org/10.1016/S1750-5836(07)00029-1
https://doi.org/10.1016/S1750-5836(07)00029-1
https://doi.org/10.1177/0734242X09355182
https://doi.org/10.1016/j.wasman.2012.02.020
https://doi.org/10.1016/j.wasman.2012.02.020
https://doi.org/10.1029/2024WR038360
https://doi.org/10.1190/GEO2015-0581.1
https://doi.org/10.1016/j.apgeochem.2012.07.007
https://doi.org/10.1016/j.apgeochem.2012.07.007
https://doi.org/10.1016/j.cis.2020.102138

	Changing pH, organic matter, and redox state govern contaminant mobility during waste stabilization in landfill simulation  ...
	1 Introduction
	2 Materials and methods
	2.1 Landfill solid waste sampling
	2.2 Landfill simulation reactors
	2.2.1 General set-up
	2.2.2 Experimental conditions
	2.2.3 Leachate sampling
	2.2.4 Solid phase sampling

	2.3 Sample analyses
	2.3.1 Leachate analyses
	2.3.2 Chemical extractions of solid waste

	2.4 Geochemical modelling

	3 Experimental and modelling results & discussion
	3.1 General parameters
	3.2 Inorganic contaminants
	3.2.1 Reactive anions
	3.2.2 Reactive cations
	3.2.2.1 Redox sensitive cationic contaminants
	3.2.2.2 Reactive cations with a solubility minimum below pH 8
	3.2.2.3 Reactive cations with a solubility minimum between pH 8 and 10
	3.2.2.4 Reactive cations with a solubility minimum above pH 10

	3.2.3 Ammonium
	3.2.3.1 The role of competing reductants and growth lag period
	3.2.3.2 Rebound effects



	4 Discussion on field scale implications
	4.1 Identifying mechanisms underlying contaminant solubility
	4.2 Achieving effective reductions in contaminant concentrations
	4.3 Limitations
	4.3.1 Translation of landfill simulation reactors to the landfill scale
	4.3.2 Equilibrium modelling

	4.4 Implications for active treatment termination

	5 Conclusion
	Environmental implication
	CRediT authorship contribution statement
	Declaration of Competing Interest
	Acknowledgements
	Appendix A Supporting information
	Data availability
	References


