
 
 
 
 
 
 
 
 
 
 

A consistent geochemical modelling 
approach for the leaching and reactive 
transport of major and trace elements 

in MSWI bottom ash 
 

J.J. Dijkstra 
J.C.L. Meeussen 

H.A. van der Sloot 
R.N.J. Comans 

 

Published in Applied Geochemistry 23 (2008) 1544–1562 

 
 
 
 
 
 
 
 
 
 
 
 
 
 

   

ECN-W--08-041 February 2008
 



Available online at www.sciencedirect.com
Applied Geochemistry 23 (2008) 1544–1562

www.elsevier.com/locate/apgeochem

Applied
Geochemistry
A consistent geochemical modelling approach for the
leaching and reactive transport of major and trace elements

in MSWI bottom ash

Joris J. Dijkstra a, Johannes C.L. Meeussen a, Hans A. Van der Sloot a,
Rob N.J. Comans a,b,*

a Energy Research Centre of the Netherlands (ECN), P.O. Box 1, 1755 ZG Petten, The Netherlands
b Wageningen University, Department of Soil Quality, P.O. Box 8005, 6700 EC Wageningen, The Netherlands

Received 3 November 2006; accepted 9 December 2007
Editorial handling by R. Fuge

Available online 9 February 2008
Abstract

To improve the long-term environmental risk assessment of waste applications, a predictive ‘‘multi-surface” modelling
approach has been developed to simultaneously predict the leaching and reactive transport of a broad range of major and trace
elements (i.e., pH, Na, Al, Fe, Ca, SO4, Mg, Si, PO4, CO3, Cl, Ni, Cu, Zn, Cd, Pb, Mo) and fulvic acids from MSWI bottom ash.
The geochemical part of the model approach incorporates surface complexation/precipitation on Fe/Al (hydr)oxides, complex-
ation with humic and fulvic acids (HA and FA, respectively) and mineral dissolution/precipitation. In addition, a novel
approach is used to describe the dynamic leaching of FA, based on the surface complexation of FA on Fe/Al (hydr)oxides.
To enable reactive transport calculations, the geochemical part of the model is combined with advective/dispersive transport
of water and first-order mass transfer between mobile and stagnant zones. Using a single, independently determined set of input
parameters, adequate model predictions are obtained for the leaching of a broad range of elements under widely different con-
ditions, as verified with data from the European standardised pH-static and percolation leaching tests (TS 14997 and TS 14405,
respectively). The percolation tests were operated at different flow velocities and with flow interruptions to enable verification of
the local equilibrium assumption. Although the combination of experimental and modelling results indicates that the leaching of
major solubility-controlled elements occurs largely under local equilibrium conditions, this study has led to the identification of
physical non-equilibrium processes for non-reactive soluble salts, as well as possible sorption-related non-equilibrium processes
for the leaching of Mo, FA and associated trace metals. Further improvement of the reactive transport model can be achieved
by a more mechanistic description of the (dynamic) leaching behaviour of humic substances. As the modelling approach out-
lined in this study is based on the fundamental processes that underlie leaching, the approach is expected to be also applicable to
other granular contaminated materials application scenarios and conditions. Therefore, the combination of standardized leach-
ing test methods, selective chemical extractions and mechanistic modelling, constitutes a promising generic approach to assess
the long-term environmental impact of the application of granular contaminated materials in the environment.
� 2008 Elsevier Ltd. All rights reserved.
0883-2927/$ - see front matter � 2008 Elsevier Ltd. All rights reserved.
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1. Introduction

Percolation tests are commonly used instruments
to estimate the long-term percolation-dominated
release potential from granular waste materials
(e.g., NEN 7343 (NEN, 2003); TS 14405 (CEN/
TC292, 2004)). For a process-based interpretation
of test results and their translation to field situations,
sufficient understanding is required of the geochemi-
cal and mass transfer processes that control the leach-
ing of contaminants in a percolation regime. Reactive
transport modelling is a potentially valuable instru-
ment to identify and describe the dynamic leaching
processes of contaminants from waste materials (the
‘‘source term”) as well as their further rate of trans-
port in soil and groundwater, and may form a basis
for the development of realistic regulatory limits.

Municipal solid waste incineration (MSWI) bot-
tom ash is a particularly relevant material to study
reactive transport processes, as it is the most signif-
icant residual waste stream from MSW incineration
and is re-used in many countries as a construction
product (Chandler et al., 1997). The material is
known for its complex physicochemical characteris-
tics and metastable mineralogical composition
(Zevenbergen et al., 1994; Chandler et al., 1997)
and is considerably enriched in potentially toxic
trace elements compared to its parent material
(Chandler et al., 1997). Although geochemical mod-
els have been used successfully to identify the leach-
ing processes in MSWI bottom ash in batch
experiments (e.g., Johnson et al., 1996; Meima and
Comans, 1997, 1999; Dijkstra et al., 2006a), reports
on the application of such models to dynamic
MSWI bottom ash systems are, however, relatively
scarce (Bäverman et al., 1997; Dijkstra et al.,
2002; Baranger et al., 2002; Gardner et al., 2002;
Mostbauer and Lechner, 2006).

Dijkstra et al. (2002) used a reactive transport
model based on equilibrium chemistry to identify
processes that control the leaching of major and
trace elements from weathered MSWI bottom ash
in a percolation test. In that study, local non-equi-
librium processes were inferred from the relatively
abrupt changes that the modelled leaching curves
showed in comparison with the gradual concentra-
tion changes observed experimentally (Dijkstra
et al., 2002). It was concluded that model predic-
tions could be improved by including both non-
equilibrium processes and a model for the reactive
transport of dissolved organic C (DOC), because
of the dominant role of organic ligands in the facil-
itated transport of metals.

Recent work indicates that the leaching of natu-
ral humic substances, in particular fulvic acids (FA)
of which DOC in MSWI bottom ash leachates is
partially composed, is the key process responsible
for the facilitated leaching of Cu and possibly other
metals (van Zomeren and Comans, 2004). In turn,
the leaching of FA from MSWI bottom ash is most
likely controlled by adsorption of FA to (neo-
formed) Fe/Al (hydr)oxides present in the bottom
ash matrix (Dijkstra et al., 2006b). Based on these
insights, conditional surface complexation constants
for FA adsorption to Fe/Al (hydr)oxides have been
derived that adequately describe FA leaching in
fresh MSWI bottom ash (Dijkstra et al., 2006b).

The role of kinetics in the leaching of major and
trace elements from MSWI bottom ash has recently
been investigated in detail in batch pH-dependent
leaching experiments (Dijkstra et al., 2006a). It was
concluded that even at short equilibration times
(�48 h) most major and trace elements closely
approach equilibrium model curves, in particular at
the ‘‘natural” pH of the sample (Dijkstra et al.,
2006a). Although this observation is promising for
the application of equilibrium geochemical models
to dynamic systems, the validity of the local equilib-
rium assumption in percolation tests such as TS
14405 (CEN/TC292, 2004) is yet to be demonstrated.

This paper presents a predictive, ‘‘multi-surface”

geochemical modelling approach that is based on
the above mentioned recent insights in the processes
that control the speciation and leaching of elements
in MSWI bottom ash. To achieve a more general
applicability of the modelling approach with respect
to other granular materials than MSWI bottom ash,
the approach aims for consistency between the
hypothesized processes, the chosen (sorption) mod-
els that simulate these processes, necessary model
input parameters and experimental methods to
determine these parameters. Since fundamental pro-
cesses on a molecular scale have general validity,
models that are based on these processes (referred
to as ‘‘mechanistic” models) are, therefore, in this
approach preferred over empirical-based models.

The approach is used to predict the simultaneous
leaching of a wide range of major and trace elements
(i.e., pH, Na, Al, Fe, Ca, SO4, Mg, Si, PO4, CO3, Cl,
Ni, Cu, Zn, Cd, Pb, Mo) and FA from MSWI bot-
tom ash under widely different batch and dynamic
conditions. The geochemical part of the model
includes mineral dissolution/precipitation as well
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as sorption processes to multiple reactive surfaces,
i.e., surface complexation/precipitation on Fe–Al
(hydr)oxides, and complexation of ions with humic
and fulvic acids. For this purpose, sorption models
are selected with a preference for models for which
‘‘generic” parameter sets have been derived.
Although such parameter sets may not provide the
‘‘best” description of measurements of a particular
system, these parameter sets are internally consis-
tent and therefore of a more general validity.

To enable reactive transport calculations, the
geochemical part of the model is extended with
one-dimensional, convective/dispersive transport
of water combined with first-order mass transfer
between mobile and stagnant zones (‘‘dual poros-
ity”, e.g., Toride et al., 1999, and references therein).

To parameterize the model, an independently
determined set of input parameters is collected from
selective chemical extractions (i.e., to determine the
amounts and type of reactive surfaces) and low-pH
extracts to obtain estimates of the amounts of ele-
ments available for leaching. The selected (sorption)
models and associated parameters sets are applied
without modification and only the published ‘‘gen-
eric” thermodynamic and binding parameters are
used, i.e., without parameter fitting.

Using the same set of input parameters, the mod-
elling approach is verified with data collected from
two European-wide standardized leaching tests dif-
fering in concept and conditions, i.e., the batch
pH-static test TS 14997 (CEN/TC292, 2006a) and
the European standardized percolation test TS
14405 (CEN/TC292, 2004). The collected pH
dependent leaching data are used to verify whether
the geochemical processes that control the leaching
are sufficiently described by the geochemical model.
Data from the percolation tests, operated with dif-
ferent flow velocities and with flow interruptions,
are used to evaluate the validity of the local equilib-
rium assumption and the robustness of the reactive
transport model predictions.

Using the approach outlined above, this study
aims to provide a detailed insight into the mecha-
nisms that control the leaching of major and trace
elements from MSWI bottom ash in batch and per-
colation regimes. In addition, this work aims to
demonstrate the effectiveness of coupling the pres-
ent generation of geochemical models with a trans-
port model to predict complex and dynamic
leaching scenarios, of which the percolation-domi-
nated leaching of MSWI bottom ash is a representa-
tive and relevant case study. Finally, the possible
implications that the process-level insights from this
study have on the settings of standardized percola-
tion tests such as TS 14405 are briefly discussed.

2. Materials and methods

2.1. MSWI bottom ash samples

A freshly quenched MSWI bottom ash sample
was collected from a Dutch MSW Incinerator plant
in early 2004. Prior to the leaching and extraction
experiments, the sample was dried at 40 �C and
sieved to pass a <4 mm stainless steel sieve, yielding
about 43% of the initial dry sample weight. Sieving
was preferred over size-reduction to prevent break-
ing-up of (weathered) grains and the creation of
fresh surfaces. This sample has previously been
described by Dijkstra et al. (2006b) in which it is
referred to as the ‘‘fresh” sample.

2.2. Batch pH-static leaching experiments

The batch pH-dependence leaching experiments
conducted with this bottom ash sample have been
described in detail elsewhere (Dijkstra et al.,
2006b). In summary, the leaching experiments were
carried out largely according to the European stan-
dard for the pH-static test TS 14997 (CEN/TC292,
2006a) on individual sub-samples that were each
equilibrated for 48 h, at a specific pH value between
pH 2 and 12 (including the native pH of the bottom
ash samples that was not adjusted, � pH 11.2) and
at a liquid-to-solid (L/S) ratio of 10 L/kg.

2.3. Percolation tests with different flow velocities and

flow interruption

The percolation tests were performed largely
according to TS 14405 (CEN/TC292, 2004). The
columns (borosilicate glass, inner diameter 5 cm)
were equipped with 10 lm PTFE filters at the inlet
and outlet of the columns. The dry bottom ash
was added to the columns in layers of a few cm
and packed by shaking and pushing gently with a
rod until a filling height of ±20 cm was reached.
Nanopure water of neutral pH was used as the influ-
ent solution. The packed columns were water satu-
rated and pre-equilibrated for 72 h, as prescribed
by TS 14405, after which the influent was pumped
in up-flow direction. Computer-controlled flow con-
trollers were used assuring a constant flow velocity
during the experiments. Fractions were collected



Table 1
Characteristics of the percolation tests

Standard Fast

Flow rate (mL/h) 12 48
Dry weight of bottom ash (g) 562 566
Filling height (cm) 20 21
Saturated pore volume (mL)a 165 178
Initial L/S ratio (L/kg)b 0.29 0.31
Residence time (h)c 13.8 3.7
Fraction # Cumulative L/S (L/kg)
1d 0.23 (72 h) 0.24 (72 h)

2 0.58 0.66
3 1.15 1.31
4 1.95 2.04
5 2.16 (77 h) 2.23 (77 h)

6 5.20 5.16
7 9.88 9.57
8 10.09 (70 h) 9.96 (70 h)

The cumulative L/S values in bold indicate ‘‘equilibrated” frac-
tions after flow interruption (between brackets the duration of
flow interruption (h)). The ‘‘standard” column test is performed
with the flow velocity prescribed by the European percolation test
standard TS 14405 (CEN/TC292, 2004).

a Water volume in the saturated column, determined
gravimetrically.

b Initial L/S ratio calculated from saturated pore volume and
mass of dry bottom ash.

c Average residence time of the eluate calculated from the sat-
urated pore volume and flow rate.

d Initial equilibration period prescribed by TS 14405 (CEN/
TC292, 2004).
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automatically at cumulative liquid-to-solid ratio (L/
S) values of 0.2, 0.5, 1, 2, 5 and 10 (L/kg) and a
number of intermediate fractions (see below). Efflu-
ent fractions were collected in acid-cleaned PE bot-
tles. Tubing conducting the effluent, as well as the
effluent collection bottles, was kept under a contin-
uous flow of moistened N2 to prevent carbonation
and oxidation of the leachates. Possible photosyn-
thetic growth (e.g., algae) was prevented by wrap-
ping the column and effluent collection bottles
with Al foil. Shortly after collection of each effluent
fraction, pH, redox potential and conductivity were
determined, and sub-samples for chemical analysis
were taken and filtered through 0.45 lm membrane
filters. The clear filtrates were acidified with concen-
trated HNO3 (suprapure) and analyzed by ICP-AES
to obtain solution concentrations of Al, As, Ba, Ca,
Cd, Co, Cr, Cu, Fe, K, Mg, Mn, Mo, Na, Ni, P, Pb,
S, Sb, Se, Si, Sn, Sr, V and Zn. A carbon analyzer
(Shimadzu TOC 5000A) was used to determine dis-
solved inorganic and organic C in non-acidified
fractions. Chloride and sulphate were determined
by ion chromatography (IC). It was assumed that
total P as measured by ICP-AES equated to PO4.

In deviation of TS 14405, the column tests were
performed at different flow velocities and with flow
interruptions during the course of the experiment in
order to verify the local equilibrium assumption.
The experiment referred to as ‘‘standard” was con-
ducted with a flow velocity of 12 mL/h, which
approximates the flow rate prescribed by TS
14405. The ‘‘fast” experiment was conducted with
a 4 times higher flow rate of 48 mL/h. In both the
‘‘standard” and the ‘‘fast” experiment, the flow
was stopped for 77 h at L/S � 2 and 70 h at L/
S � 10 L/kg. After the flow interruption periods,
the pump was started and an ‘‘equilibrated” leach-
ate fraction of about 120 mL was collected, which
is slightly less than 1 pore volume (�160 mL). The
relevant characteristics of the column experiments
are summarized in Table 1.

2.4. Geochemical and transport modelling

The complete geochemical and transport model
outlined in the paragraphs below is implemented
in the ORCHESTRA modelling framework
(Meeussen, 2003).

2.4.1. Geochemical modelling approach

Inorganic speciation and mineral solubility was
calculated using thermodynamic data from MINT-
EQA2 version 4.0 (US-EPA, 1999). Specific and
non-specific sorption of protons and ions to humic
and fulvic acids (HA and FA, respectively) was
modelled with the NICA-Donnan model (Kinni-
burgh et al., 1999) using the set of ‘‘generic” binding
parameters of Milne et al. (2003) except for the
binding of Fe-III to FA, for which the more recent
NICA-Donnan parameters derived by Hiemstra
and Van Riemsdijk (2006) were used. It was
assumed that 50% of HA and FA consists of C
(De Wit, 1992).

The generalized two layer model (GTLM) of
Dzombak and Morel (1990) was used to model sur-
face complexation and surface precipitation of ions
to hydrous ferric oxide (HFO). Amorphous Al
(hydr)oxides present in the bottom ash matrix were
considered as potentially important sorbent miner-
als. Following Meima and Comans (1998), HFO
was taken as a surrogate sorbent for these surfaces
in the model, as no complete and systematic data-
base for sorption reactions on Al (hydr)oxides is
currently available. For detail and justification of
this approach the reader is referred to Meima and



Table 2
Estimated available concentrations of elements and reactive
surfaces that serve as input in the geochemical and transport
model

Parameter Value Units

Sia 2.45E+00 mol/kg
Ca 1.59E+00 mol/kg
Ala 1.35E+00 mol/kg
CO3 7.00E�01 mol/kg
Fe 2.93E�01 mol/kg
Mg 1.83E�01 mol/kg
Cl 1.47E�01 mol/kg
Na 1.47E�01 mol/kg
SO4 1.39E�01 mol/kg
Zn 5.37E�02 mol/kg
Cu 1.07E�02 mol/kg
Mn 7.18E�03 mol/kg
Ni 1.94E�03 mol/kg
Pb 1.31E�03 mol/kg
Ba 8.14E�05 mol/kg
Cd 3.71E�05 mol/kg
PO4

b 1.00E�04 mol/kg
Mo 9.01E�06 mol/kg

Fulvic acidsc 3.67E�04 mol/kg
Fe/Al (hydr)oxidesd 2.90E�02 kg/kg
Specific surface areae 4.08E+05 m2/kg

a Derived from reaction stoichiometry, see text.
b In the batch calculations fixed to 1E�5 mol/L, see text.
c A molar weight is used of 1000 g FA/mol (Filius et al., 2000).
d As measured by selective chemical extractions, see Dijkstra

et al. (2006b).
e The overall specific surface area is calculated from the

weighted contributions of amorphous Fe- and Al-(hydr)oxides
for which 600 m2/g is used (Dzombak and Morel, 1990) and
crystalline Fe-(hydr)oxides for which a specific surface area of
100 m2/g is used (Hiemstra et al., 1989).
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Comans (1998). HFO was also used as a surrogate
sorbent mineral for crystalline Fe (hydr)oxide sur-
faces, however, site densities were calculated using
a lower specific surface area of 100 m2/g (Hiemstra
et al., 1989).

The surface complexation constants of Dzombak
and Morel (1990) were included in the model for H,
Ca, Ba, Mg, Mn, Ni, Cu, Zn, Cd, Pb, Sb, Mo, Si,
SO4 and PO4. The surface complexation constant
of the low affinity site for Pb was considered an
underestimate by Dzombak and Morel (1990),
therefore a higher logK value of 1.7 was used to
be consistent with the general trend of an approxi-
mate 3 log-unit difference between the sorption con-
stants for the high and low affinity sites (Dzombak
and Morel, 1990). The adsorption of carbonate
was modelled using the surface complexation con-
stants derived by Appelo et al. (2002). For surface
precipitation of trace metals to Fe- and Al-(hydr)o-
xides, surface precipitate solubility constants were
adopted from Farley et al. (1985) for Pb, Cd and
Zn.

Surface complexation of FA to Fe- and Al-
(hydr)oxides was modelled using the reactions and
conditional surface complexation constants derived
by Dijkstra et al. (2006b) for the same MSWI bot-
tom ash sample. A molar weight of 1000 g FA/
mol is assumed (Filius et al., 2000). The leaching
of HA was not taken into account in the forward
model predictions, because the underlying processes
of HA solid/solution partitioning are in general, and
for MSWI bottom ash in particular, not sufficiently
well known. Moreover, HA concentrations were
only in a minority of the cases detectable in the
leachates of the pH dependence test (Dijkstra
et al., 2006b) and in the column effluent (Section
3.2.2). Consequences of this model setup will be dis-
cussed in Sections 3.2.3.5 and 4.1.

Component activities were calculated with the
Davies equation as ionic strengths in the leachates
were up to �0.5 M, at which Debye–Hückel is not
applicable (Stumm and Morgan, 1981). A moder-
ately oxidizing environment was assumed
(pH + pe = 15), in agreement with measured redox
potentials in batch experiments with similar MSWI
bottom ash samples (Meima and Comans, 1997)
and in the percolation tests (see Section 3.2).

2.4.2. Parameterization of the geochemical model

All geochemical model input parameters,
expressed in the appropriate units, are presented in
Table 2 and will be explained below. Independent
estimates of the amount of reactive surfaces present
in the bottom ash matrix, which are required for
sorption modelling, were made by selective chemical
extractions. Amounts of ‘‘reactive” Fe- and Al-
(hydr)oxides in the bottom ash sample, as estimated
by selective chemical extraction, were adopted from
Dijkstra et al. (2006b). In short, the amounts of
amorphous and crystalline Fe (hydr)oxides in the
bottom ash matrix were estimated by ascorbate
and dithionite extractions, respectively, following
the protocol of Kostka and Luther (1994). The
amount of amorphous Al (hydr)oxides was esti-
mated by an oxalate extraction according to Blake-
more et al. (1987).

The solid and dissolved organic C in the sample
and in the leachates were characterized quantita-
tively in terms of 3 fractions, i.e., HA, FA and
hydrophilic acids (HY) by a batch procedure (van
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Zomeren and Comans, 2007) derived from the
method currently recommended by the Interna-
tional Humic Substances Society (IHHS) (Thurman
and Malcolm, 1981; Swift, 1996). Results of this
method for the pH dependence test leachates of this
bottom ash sample have been discussed in detail by
Dijkstra et al. (2006b). Results for the leachates of
the percolation tests will be presented in the results
section.

Measurements at pH 2 in the pH-static test (L/S
10) were used as first estimates of the concentrations
of major and trace elements that are active in min-
eral dissolution/precipitation and sorption pro-
cesses. It is assumed that cations are fully desorbed
from Fe- and Al-(hydr)oxide surfaces (Meima and
Comans, 1998) and that solubility controlling min-
eral phases are largely dissolved under these condi-
tions. Concentrations measured at this pH value
generally represent the maximum over the pH range
investigated (pH 2–12). Exceptions are the anionic
species MoO2�

4 and FA for which concentrations
measured at pH 12 were used, assuming complete
desorption from Fe- and Al-(hydr)oxides at this
pH value (Dijkstra et al., 2006a,b). For carbonate,
the total content in the sample was used as input in
the model, as low or high pH extracts cannot be used
for this purpose due to the degassing of CO2 (g) and
precipitation of carbonate minerals, respectively.
The total content of carbonate was measured with
a carbon analyzer (Shimadzu TOC 5000A). Conse-
quences of the ‘‘availability” estimates for the differ-
ent groups of elements will be further discussed in
Sections 3.1 and 4.1.

To predict MSWI bottom ash leaching as a func-
tion of pH the amounts listed in Table 2 were used
as input in the model in combination with the
liquid–solid value of 10 L/kg. The model calculates
the speciation of all elements simultaneously at fixed
pH values between pH 2 and 12 (in steps of 0.1 pH
units). The selection of minerals that were allowed
to precipitate during the calculation (Fig. 2) is dis-
cussed in the results section.

It is important to note that the present modelling
approach differs in a number of aspects from the
approach followed in the authors’ previous studies
(Meima and Comans, 1997; Dijkstra et al., 2006a).
In short, the most important differences with previ-
ous work are:

(i) Solubility-controlled elements. In previous
publications, model predictions for solubility-
controlled elements are calculated according
to the ‘‘infinite solids approach”. In that
approach, the leachate composition is calcu-
lated in equilibrium with an infinite amount
of a selected mineral. Each element/mineral(s)
combination requires a separate model run
(for detail on this approach see Meima and
Comans, 1997). In the present approach, the
leachate composition is predicted using finite

amounts of minerals that are constrained by
the availability estimates listed in Table 2.
The leachate composition based on the result-
ing mineral assemblage is calculated in a single
model run.

(ii) Sorption-controlled elements. In previous pub-
lications, model predictions for sorption-con-
trolled elements are calculated in the
presence of total solution concentrations of
major elements that compete for the same
sorption sites. The total solution concentra-
tions of these elements are fixed to their mea-
sured value to fully account for competition
for available adsorption sites (for detail on
this approach see Dijkstra et al., 2006a). In
the present approach, the solution concentra-
tions of all major and trace elements, whether
they are based on solubility and/or sorption
reactions, are predicted simultaneously in a
single model run.

As the present model predictions are conducted
for all solubility- and/or sorption-controlled ele-
ments simultaneously, the model predictions for
one element depend on those of all other elements,
as well on the parameters listed in Table 2.

2.4.3. Transport model
To predict MSWI bottom ash leaching in a per-

colation regime, the geochemical part of the model
was extended with one-dimensional transport of
water. To account for physical non-equilibrium
(e.g., as indicated by observed ‘‘tailing” of element
concentrations by Dijkstra et al., 2002; Gardner
et al., 2002) the ‘‘dual porosity” approach (e.g., Tor-
ide et al., 1999) was followed. The dual porosity
approach assumes that the liquid phase is parti-
tioned in a mobile (flowing) and immobile (stag-
nant) zone. Solute exchange between the mobile
and stagnant zone is approximated by a first-order
process according to (e.g., Toride et al., 1999) and
references therein):

him dCim=dt ¼ a Cm � Cimð Þ ð1Þ
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In Eq. (1), a is the first-order mass transfer coeffi-
cient (s�1), Cm is the concentration in the mobile
zone, and Cim is the concentration in the stagnant
zone. The parameters him and hm are the stagnant
and mobile portions of the total water filled porosity
h, a fraction of the total volume (–):

h ¼ hm þ him ð2Þ
b ¼ ðhm=hÞ ð3Þ

The parameter b in Eq. (3) is the ratio between
the mobile and total porosity. The relatively simple
dual porosity approach has the advantage over
more complex diffusion models in that it can be used
in situations where little is known about the physical
characteristics of the stagnant zones.

The parameter h was obtained gravimetrically
from the saturated pore volume and total volume
in the columns (Table 1). The two parameters a
and b of Eqs. (2) and (3) were fitted such that an
adequate description was obtained for the leaching
of Cl (see Section 3), of which conservative leaching
behaviour is assumed. By implementing the fitted
dual porosity parameters in the reactive transport
model, it is implicitly assumed that the physical
transport behaviour of all dissolved components is
similar to that of Cl. The fitted values for the
parameter a and b are presented and discussed in
Section 3.2.3. The column was represented in the
model by 10 cells (5 mobile and 5 stagnant cells).
The numerical dispersivity generated by this sche-
matization matches the observed dispersivity of Cl
in the first eluate fractions. It is noted that
ORCHESTRA enables a correct representation of
flow interruption periods, i.e., by pausing the con-
vective flow of water while diffusion processes
continue.

TS 14405 prescribes relatively large effluent frac-
tions, which vary in size from one to several pore
volumes (e.g., see Table 1 and 1 pore volume
�0.3 L/kg). To enable an appropriate comparison
between transport model results and the collected
data in the graphs (Figs. 3 and 4), the transport
model output (fractions of equal size) was made
compatible with the size of the different fractions
in the test by averaging the modelled concentrations
over the appropriate time intervals (i.e., L/S
fractions).

The initial composition of the system was calcu-
lated from the ‘‘available” concentrations of ele-
ments expressed in mol/kg solid material (Table 2)
in combination with the initial liquid–solid ratio in
the column (�0.3 L/kg, Table 1). For protons, the
initial H+–OH� mass balance was not measured
but calculated from the initial pH of the system,
which was estimated from the pH of the first frac-
tion of the percolation test. After initialisation, col-
umn pH values were not fixed but calculated from
the total H+–OH� mass balance per cell, which
changes in time as a result of convective transport.
It was assumed that the initial chemical composition
of the system was equal for all mobile and stagnant
cells in the column. The influent solution in the
model was kept in equilibrium with the atmosphere
(pCO2 = �3.5, pH = 5.67) and contained negligible
concentrations of other elements.

3. Results and discussion

3.1. pH-dependence leaching test data and model

predictions

Measured concentrations and model predictions
of a number of important components, i.e., Al,
Ca, SO4, Si, Fe, fulvic acids (FA), Ni, Cu, Zn, Cd,
Pb and Mo are shown in pH-concentration dia-
grams in Fig. 1. For the selection of potentially sol-
ubility controlling processes in MSWI bottom ash
for each of the elements of interest the reader is
referred to previous work, in particular Dijkstra
et al. (2006a) and references therein. For a detailed
discussion on the solubility controlling processes of
FA, FA-associated Cu, and Mo see Dijkstra et al.
(2006b).

The major components Al, Ca, SO4 and Si play a
major role in governing leachate pH (Johnson et al.,
1995; Meima and Comans, 1997) and, therefore, an
adequate prediction of these components is crucial
with respect to pH-prediction by the transport
model (see below). The minerals gibbsite (Al-
(OH)3(s)), gypsum (CaSO4 � 2H2O(s)), calcite
(CaCO3(s)), ettringite (Ca6Al2(SO4)3(OH)12 � 26
H2O(s)) and laumontite (CaAl2Si4O12 � 4H2O(s))
were considered as plausible solubility controlling
phases for these elements (Dijkstra et al., 2006a;
and references therein) and were allowed to precip-
itate. For gibbsite the solubility product of Lindsay
(1979) was used, as it generally provided a better
description of Al solubility than the more soluble/
stable Al (hydr)oxides available in the MINTEQ
4.0 database (US-EPA, 1999). The laumontite solu-
bility product was adopted from the MINTEQ 3.11
database (Allison et al., 1991). For calcite, a 10
times higher solubility product of 10�7.48 was used
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Fig. 1. Leached concentrations as a function of pH as measured with the pH-static test (open circles) and model predictions (curves) for
Al, Ca, SO4, Si, Fe, fulvic acids, Cu, Mo, Ni, Cd, Pb, Zn and Mo. The closed circles in the diagrams for fulvic acids and Cu are from
independent experiments obtained after a longer equilibration time of 168 h. Horizontal dashed lines represent detection limits. The
dashed curve in the diagram for Pb represents a solubility curve of pure Pb(OH)2(s). See Section 3.1 for explanation.
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according to the generally observed calcite oversat-
uration of about one order of magnitude in leach-
ates from incineration residues and natural waters
(see Meima and Comans, 1997; and references
therein). The presence of this combination of miner-
als provides an excellent prediction of the leaching
of Al, Ca, SO4, Si, (Fig. 1), and also of carbonate
that is not included in Fig. 1.

The initial estimates of the availability of Al and
Si estimated at pH 2, L/S 10, led to inadequate
model predictions. Therefore, the present estimate
of the availability of Al and Si (as listed in Table
2) are calculated from the stoichiometry of laumon-
tite (CaAl2Si4O12 � 4H2O(s)), based on the measured
availability of Ca (Table 2). In this calculation the
Ca-consumption by the simultaneous precipitation
of calcite (limited by the CO3 availability) and
ettringite (limited by the SO4 availability) is
accounted for. The calculated amount of Al was
insufficient to explain the observed saturation of
gibbsite, and therefore a slight excess of Al was
added such that gibbsite precipitates over the entire
pH range of pH 2–12, which agrees with the
observed concordance of measured Al concentra-
tions with Al-(hydr)oxide dissolution behaviour
(Fig. 1). It is important to note that the derived
Al- and Si availabilities are still well below their
total content as measured by total digestion in the
sample (75% and 35% of their total content, respec-
tively). Apparently, the availabilities of Si and Al
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are underestimated using pH 2 extracts, and/or the
solubility controlling mechanisms of the Ca/Al/Si
in MSWI bottom ash at high pH are still insuffi-
ciently understood.

The availability estimate of Ca and SO4 (Table 2)
could in principle be biased by the precipitation of
gypsum at low pH (see Fig. 1). However, their avail-
ability estimated from an additional pH-static
experiment conducted at L/S 100 remained virtually
unchanged, indicating that gypsum is already close
to depletion at L/S 10.

The solubility product for amorphous Fe
hydroxide of Lindsay (1979) allows an adequate
prediction of the measured Fe-solubility (Fig. 1),
that is better than those obtained with either the
more soluble or more stable Fe (hydr)oxides in
the MINTEQ 4.0 database. The calculated solu-
bility curves of Al and Fe are considerably influ-
enced by complexation to FA, which follows
from the relatively strong affinity of these cations
for complexation with dissolved humic substances
(Milne et al., 2003; Hiemstra and Van Riemsdijk,
2006). Adequate model predictions are also
obtained for Mg (based on brucite solubility)
and Mn (based on manganite solubility), of which
their pH-concentrations plots are not included in
Fig. 1.

Modelled FA concentrations are sensitive to
competitive adsorption of other anionic species in
the low pH range, in particular to phosphate (Dijk-
stra et al., 2006b). In the present study, adequate
model predictions of phosphate could not be
obtained, and therefore the solution concentrations
of phosphate were fixed to 10�5 M, which agrees
with the fairly constant phosphate concentrations
measured at pH > 4 (data and model not shown in
Fig. 1). The resulting model descriptions for FA
are adequate (Fig. 1). Clearly, phosphate leaching
behaviour, due to its competitive influence on FA
and other anionic species, is a source of uncertainty
that requires further study.

The leaching of Cu is well predicted by surface
complexation to Fe- and Al-(hydr)oxides, and by
allowing Cu(OH)2(s) to precipitate as it becomes
oversaturated, which occurs at pH > 8. At pH > 6,
the leaching of Cu is primarily controlled by the
availability and leachability of FA present in the
MSWI bottom ash leachates due to the formation
of strong Cu–FA complexes (Dijkstra et al.,
2006b). These interactions are well predicted by
the model (Fig. 1). The anionic species MoO2�

4 is
adequately predicted by (weak) surface complexa-
tion at high pH, and the formation of wulfenite
(PbMoO4(s)) at low pH (1).

Leached Ni concentrations were modelled based
on surface complexation to Fe- and Al-(hydr)o-
xides, and by allowing Ni(OH)2(s) to precipitate as
it becomes oversaturated (Dijkstra et al., 2006a).
The solubility product of Ni(OH)2(s) was taken
from the previous MINTEQ3.11 database (Allison
et al., 1991), as the present solubility product of this
phase (MINTEQ 4.0) led to overestimates by about
one order of magnitude. The trend of leached Ni
concentrations is well described by the model, in
particular around the natural pH (�pH 11.2).
Although predicted Ni concentrations generally
overestimate the measurements, it has been shown
that Ni concentrations at pH < 10 continue to
increase beyond equilibration times of 48 h, suggest-
ing slow desorption/dissolution processes (Dijkstra
et al., 2006a).

Following the work of Meima and Comans
(1998) and Dijkstra et al. (2006a), the leaching of
Zn was modelled by surface precipitation to Fe-
and Al-(hydr)oxides, leading to adequate model
predictions (Fig. 1). Measured concentrations of
Cd and Pb (Fig. 1) are substantially lower than in
these previous studies, which is the result of
improved measurement techniques (Dijkstra et al.,
2006a use leaching data from 1998). In the previous
studies, the leaching of these elements was explained
by surface complexation to Fe- and Al-(hydr)oxides
(Meima and Comans, 1998; Dijkstra et al., 2006a),
but preliminary model calculations showed that
the present low concentrations cannot be explained
solely by this process, at least not using the esti-
mates for available concentrations and reactive sur-
face area of Table 2 (not shown). Therefore, surface
precipitation to Fe- and Al-(hydr)oxides was con-
sidered for these metals in the model, which led to
adequate descriptions for Cd over the complete
pH range, and for Pb up to pH 10 (Fig. 1).
Although neoformed calcite has been suggested to
be an important scavenger of trace metals (Piantone
et al., 2004), Meima and Comans (1998) tried to
model the leaching of Cd from aged MSWI bottom
ash by surface complexation and surface precipita-
tion to calcite and strongly overestimated measured
concentrations. Also attempts to model the leaching
of Pb based on this process were unsuccessful
(unpublished results). Therefore, based on the pres-
ent model calculations, surface precipitation of Cd
to iron- and aluminium (hydr)oxides seems more
likely (Fig. 1). The concentrations of Pb around
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the natural pH (�11.2) correspond better to those
predicted by the solubility of pure Pb(OH)2(s) than
by the surface precipitation model, as indicated by
the dashed curve in Fig. 1. Further research, e.g.,
by using spectroscopic techniques, is needed to
investigate the possible formation of surface precip-
itates/solid solutions of these metals in MSWI bot-
tom ash. For the present reactive transport model
(Section 3.2.3), the selection of solubility controlling
processes for the metals Cu, Pb, Ni, Cd and Zn will
be based on the model scenario providing the closest
agreement with the data around the natural pH of
11.2 in Fig. 1, anticipated on similar pH values of
the percolation test leachates. Therefore, the leach-
ing of Cu, Ni and Pb around the natural pH is
assumed to be controlled by the solubility of their
respective (hydr)oxides, while for Cd and Zn, sur-
face precipitation to Fe- and Al-(hydr)oxides is
assumed to be the controlling process.

Fig. 2 (left diagram) provides an overview of the
minerals and surface precipitates that are allowed to
form during the model run. The right diagram in
Fig. 2 shows the measured and predicted acid neu-
tralizing capacity (ANC). An adequate prediction
of the pH using a reactive transport model depends
on how accurately the acid/base buffering behaviour
is described. The shape of the modelled ANC curve
is related to the estimated availabilities of cations
and anions (Table 2), the mineral phases that are
allowed to precipitate (e.g., see the concordance
resulting from calcite dissolution in both diagrams
of Fig. 2) and the amount and type of reactive sur-
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the model run (left diagram), and the measured versus predicted acid n
3.1 for explanation.
faces in the model. The predicted ANC curve shows
strong similarity to the measured ANC behaviour,
although the latter is increasingly overestimated
towards low pH. It is noted, however, that substan-
tial kinetic effects have been observed for the acid/
base consumption of MSWI bottom ash in particu-
lar at low pH (Dijkstra et al., 2006a).

3.2. Percolation tests data and modelling results

3.2.1. Measured responses to flow velocity and flow

interruptions
Results of the percolation tests are presented in

Figs. 3 and 4. The measured pH and conductivity,
and leached concentrations of an assumed conserva-
tive element, Cl, are presented as a function of the
cumulative liquid-to-solid (L/S) ratio in Fig. 3. Lea-
ched concentrations of Al, Ca, SO4, Si, Fe, fulvic
acids (FA), Ni, Cu, Zn, Cd, Pb and Mo are shown
in Fig. 4. The charge balance of the leachates was
calculated from the chemical analysis results and
amounts to 4.2 ± 3%, which is accurate given the
complex leachate composition and high salt levels.

The initial pH of the leachates (pH � 10.8)
increases after a few pore volumes (L/S 0.6, �2 pore
volumes) to fairly constant values of around
pH = 11.2, which is equal to the ‘‘natural” pH mea-
sured in the pH-static experiment without acid/base
dosage. These pH values are in the range typically
found for freshly quenched MSWI bottom ash
(Meima and Comans, 1997). No systematic differ-
ence is observed between the pH measured in the
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standard and fast column, and virtually no response
of pH on the flow interruptions is recorded. The
lower pH value upon flow interruption at L/S 2 in
the fast column is probably a measurement error,
as a response of strongly pH-dependent elements
such as Al is absent (Fig. 4).

Measurements of the redox potential resulted in
a somewhat constant relationship of pH + pe =
16 ± 0.5, without observed sensitivity to flow veloc-
ity, and with marginal increased values after the
flow interruptions (not shown). These values point
to a moderately oxidising environment in the leach-
ates (e.g., Brookins, 1988).

Values for the electrical conductivity (EC)
strongly decrease during the first pore volumes as
a result of the wash-out of soluble salts. Chloride
concentrations decrease by almost 3 orders of mag-
nitude over the course of the experiment and show a
long ‘‘tailing” of element concentrations (Fig. 3). A
considerable increase in Cl concentrations is mea-
sured in the eluate fractions directly following flow
interruption (Fig. 3). This effect is clearly more pro-
nounced in the fast column (a factor of 5 versus a
factor of 2 increase, respectively, for the fast and
standard flow velocity). The response on flow inter-
ruptions of assumed conservative elements is a typ-
ical indication for physical non-equilibrium
processes (Brusseau et al., 1989; Koch and Fluhler,
1993), i.e., diffusional mass transfer between mobile
and stagnant zones in the column. Such stagnant
zones may consist of small pores in particles and/
or, on a larger scale, domains in the columns that
do not actively take part in the transport process
as a result of preferential flow paths. Similar
responses to flow velocity and flow interruption
were observed for Na and Br (not shown).

Overall, response on flow velocity was remark-
ably small for the leaching of a broad range of ele-
ments (Figs. 3 and 4). Expressed in cumulatively
leached amounts (in mol/kg) after L/S 10, and aver-
aged over all measured components by chemical
analysis (35 components) and excluding measure-
ments around detection limit, an 8 ± 14% higher
cumulative leaching is measured in the standard col-
umn relative to the fast column. Although responses
upon flow interruption on individual column frac-
tions are considerably large (see Cl), the contribu-
tion of flow interruptions at L/S 2 and L/S 10 to
the overall cumulatively leached amounts after L/S
10 is very small: 3 ± 1% in the standard column,
and a slightly higher 5 ± 2% in the fast column.

3.2.2. Leaching and composition of DOC in the

percolation test leachates

The leached DOC concentrations from both per-
colation tests were characterized in terms of HA,
FA and HY (see Section 2.4.2). The results are pre-
sented in Fig. 5 and show that about 50% of the lea-
ched DOC consists of FA, a percentage that
remains fairly constant during the course of the test.
Low concentrations of HA are only measured in the
first fractions of the percolation tests (Fig. 5). The
above observations are similar for both flow veloci-
ties. In the fast column, the relative proportion of
FA in the equilibrated fractions (i.e., after flow
interruption at L/S 2.2 and L/S 10) are lower
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compared to the preceding and subsequent fractions
(Fig. 5), while total DOC in these fractions have
increased by a factor of 2–3, indicating that the
release of HY during the flow interruptions is faster
than the release of FA. The effect of flow interrup-
tions on the composition of DOC is less pronounced
for the standard column (Fig. 5). The cumulatively
leached amount of FA corresponds to �0.5 g FA/kg
bottom ash, which is close to the measured availabil-
ity in the pH-static experiment of �0.37 g FA/kg
(equivalent to 3.7E�4 mol FA/kg in Table 2) as well
as to the estimated total FA content in the sample
(0.4 g FA/kg, Dijkstra et al., 2006b). These observa-
tions indicate that virtually all FA present in the
MSWI bottom ash sample is washed out after L/
S = 10, which is in agreement with the observed
weak interaction of FA with reactive surfaces pres-
ent in the bottom ash matrix at high pH (Dijkstra
et al., 2006b). The low leachability of HA from bot-
tom ash can be attributed to the presence of rela-
tively high amounts of di- and trivalent ions (e.g.,
Ca, Al and Fe), which reduce the solubility of HA
by charge neutralisation and subsequent coagula-
tion (Temminghoff et al., 1998; Weng et al., 2002).
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3.2.3. Model predictions for the percolation test

Model curves generated by the reactive transport
model are included in Figs. 3 and 4 (for clarity only
shown for the standard flow velocity; model predic-
tions for the ‘‘fast” column were quite similar).

3.2.3.1. Chloride. An excellent fitted transport
behaviour for Cl leaching was obtained with the
dual porosity parameters a = 5E�8 s�1 and
b = 0.95 (Fig. 3). Note also that the more pro-
nounced effects of flow interruptions in the column
operated at the higher flow velocity are adequately
predicted when the same parameter values are used
(Fig. 3).

It is possible to relate the exchange factor a to an
effective diffusion coefficient using the size and
geometry of the stagnant zone, according to the
relationship of Van Genuchten (1985) cited in
Appelo and Postma (2005). Such a physical inter-
pretation of the values for a and b is complicated
as characteristics of the stagnant zones are unknown
for this sample and for MSWI bottom ash in gen-
eral. However, if it is assumed that the stagnant
zones consist of micropores within spheres with a
radius of 2 mm (i.e., the largest particle size fraction
in the sample), an effective diffusion coefficient (De)
in the order of 10�12–10�13 m2/s is found (for details
of this calculation see Appelo and Postma, 2005).
This value is similar to that found by Gardner
et al. (2002) for the leaching of conservative ele-
ments (Na and Cl) from MSWI fly ash columns.

3.2.3.2. pH and conductivity. The calculated pH of
the column leachate is determined by the estimated
initial pH of the material (�pH 10.8, see Section 2)
in combination with the assumed set of minerals
and, to a lesser extent, the amount and type of
adsorbing surfaces. The same mineral assemblage
present at the natural pH in the pH-static experi-
ments is predicted to precipitate in the columns
(refer to the minerals present at pH �11.2 in
Fig. 2), and complete depletion of these minerals
from the column is not predicted up to L/S = 10.
The pH of the leachates is predicted well, although
the time at which the pH increases from 10.8 to
pH 11.2 is somewhat overestimated (Fig. 3). The
calculated eventual pH of �11.2 is consistent with
the equilibrium pH of the assumed mineral assem-
blage. Although the pH remains quite constant over
the duration of the experiment, an adequate predic-
tion of pH in systems with a more variable pH (i.e.,
in which a large portion of the available buffering
capacity is consumed) strongly depends on an accu-
rate prediction of the ANC (Fig. 2).

Electrical conductivity (EC) is a bulk parameter
that is primarily determined by the major ions pres-
ent in the leachates. EC was derived from the
predicted ionic strength (I) using the relationship
I(M) = 0.013 � EC (mS/cm) (Lindsay, 1979), which
resulted in an excellent prediction of EC as a func-
tion of L/S (Fig. 3), indicating that the processes
underlying the leaching of major ions are ade-
quately captured by the model.

3.2.3.3. Major elements. Leached concentrations of
the major components Al, Ca, SO4, are generally
predicted adequately to excellently (Fig. 4). Ade-
quate predictions were also obtained for other
major elements not shown in Fig. 4, such as Mg,
Mn and CO3. Model predictions for Si and Fe are
accurate within approximately one order of magni-
tude. Deviations between model predictions and
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data for major elements are particularly observed
below L/S = 1. These deviations are partly
explained by an insufficiently accurate description
of the pH during the first pore volumes (e.g., see
the concordance in the model predictions for pH
in Fig. 3 and Al in Fig. 4). Deviations may also arise
from inaccurate estimates of the available concen-
trations in Table 2, to which the reactive transport
predictions are very sensitive, and/or a still insuffi-
cient representation of processes in the model (see
Fe and Si).

3.2.3.4. Fulvic acids and molybdenum. The reactive
transport model predicts a virtually conservative
wash-out of FA from the column (Fig. 4), which fol-
lows from the predicted complete desorption at pH
values around the natural pH of the sample (�pH
11.2; see Fig. 1). However, FA concentrations are
increasingly underestimated by the model towards
higher L/S ratios (Fig. 4). Fig. 4 shows that FA con-
centrations are described more accurately when
using the cumulatively leached amount of FA as
input in the model (i.e., 5E�4 mol/kg) instead of
the estimated availability (3.67E�4 mol/kg, Table
2), in combination with dual porosity parameters
that are different from those for Cl (a = 2.5E�7 s�1

and b = 0.75). These modified dual porosity param-
eters for FA represent a higher release rate and a
larger effective stagnant fraction relative to Cl
(a = 5E�8 s�1 and b = 0.95). Possible explanations
for these deviating transport parameters of FA
include sorption-related non-equilibrium (e.g.,
Brusseau et al., 1989) and/or a different physical
transport behaviour as a result of an inhomoge-
neous distribution of the different components
within and between the bottom ash particles.

There is a striking similarity between the leaching
behaviour of FA and that of other anionic com-
pounds, i.e., phosphate (not shown) and Mo
(Fig. 4). These components show a similar ‘‘wash-
out” pattern as FA. The components FA and Mo
have in common that pronounced leaching kinetics
have been observed in batch pH-static leaching
experiments at alkaline pH (Dijkstra et al.,
2006a,b; see also FA behaviour in Fig. 1), while
the model predictions indicate virtually 100%
desorption in this pH region (Fig. 1). The grey solid
curve in the diagram for Mo in Fig. 4 indicates that
the transport behaviour of this component is ade-
quately described using the same kinetic (i.e., ‘‘dual
porosity”) parameters as derived for FA. These sim-
ilarities suggest a similar release process for FA and
Mo. Further research is required to establish
whether the kinetic features observed for these com-
pounds have a chemical (i.e., slow desorption kinet-
ics) or physical nature.

3.2.3.5. Metals. The reactive transport model pre-
diction for Ni is excellent over the full L/S range,
whereas for model predictions of Cu and Cd, both
show that initial leached concentrations are pre-
dicted adequately, but concentrations become
increasingly underestimated toward higher L/S
ratios. Model predictions for Pb strongly overesti-
mate the measurements at low L/S and are slightly
better at higher L/S where the deviation is approxi-
mately one order of magnitude. Rather exceptional
behaviour is observed for Zn, of which the concen-
tration in the first fraction was found to be below
detection limit. The reasons for this apparently
anomalous behaviour are currently unknown. Con-
centrations towards higher L/S are predicted gener-
ally within a factor of 5–10.

In order to identify the main cause of the trend
that metal concentrations are increasingly underesti-
mated towards higher L/S, additional model calcu-
lations were performed for each data point
separately, using the measured pH and concentra-
tions of HA, FA as input in the model (i.e., without
transport of water as if they were batch experi-
ments). The plausible assumption underlying these
batch calculations is that there is no significant
removal of the ‘‘available” metal concentration up
to L/S 10 in the column. These calculations, shown
as dashed curves in Fig. 4, provide particular insight
in the extent to which the predicted metal concen-
trations can be improved when the key parameters
pH, FA and HA are better predicted during trans-
port. Fig. 4 shows that this model scenario indeed
provides a better description of the Cu, Ni, Cd, Pb
and Zn concentrations, indicating that the reactive
transport model requires improvement with respect
to the prediction of pH, FA and HA. It is empha-
sized that a model for the leaching of HA is not
yet included in the reactive transport model as justi-
fied in the method Section 2.4.1, and discussed in
Section 4.1 below.

The observed and predicted behaviour of the dif-
ferent metals will be explained below on the basis of
calculated speciation diagrams. Fig. 6 includes cal-
culated speciation diagrams based on the ‘‘dashed”

model scenarios for the metals Ni, Cu, Cd, Pb and
Zn as shown in Fig. 4. The solution speciation is
subdivided into ‘‘complexed with FA”, ‘‘complexed
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with HA”, ‘‘inorganic complexes” and ‘‘free ions”

(Me2+). The metals Cu, Cd and Pb are predicted
to be virtually 100% complexed to leached humic
substances (FA and HA) over the full L/S range.
The role of metal complexation by these humic sub-
stances is particularly pronounced at low L/S ratios,
where concentrations of FA and HA are highest.
The strong overestimation of Pb, in particular at
low L/S, suggests that the solubility controlling pro-
cesses for this metal are not sufficiently understood
(see also Fig. 1). Initially, Ni is largely present as
FA–Ni complexes, but at higher L/S ratio’s, inor-
ganic complexes form the dominant Ni species. This
explains the predicted rather invariant concentra-
tions of Ni towards higher L/S, while those of Cu,
Cd and Pb closely follow the continuously decreas-
ing concentrations of FA. Leached Zn does not
show significant interaction with FA, but is pre-
dicted to form strong complexes with the low con-
centrations of HA in the first few fractions and,
similar to Ni, predominantly inorganic complexes
towards higher L/S ratios. In addition to Zn, Cu
and Cd are predicted to show significant interaction
with the low concentrations of HA measured in the
leachates.

The differences in predicted speciation between
the metals are the result of different binding affini-
ties for humic substances and the ability to form
inorganic complexes, particularly at high pH. For
each metal separately, the speciation is also influ-
enced by the relative difference in binding affinity
for HA and FA (e.g., see the strong complexation
of Zn with HA).

4. Synthesis and conclusions

4.1. Characterization and modelling of processes

The consistent ‘‘multi-surface” reactive transport
modelling approach presented in this study leads to
a strongly improved model prediction and under-
standing compared to previous reactive transport
modelling studies performed on MSWI bottom
ash (e.g., Bäverman et al., 1997; Yan et al., 1999;
Dijkstra et al., 2002; Baranger et al., 2002; Gardner
et al., 2002). Novel aspects of the present modelling
approach include the characterization of DOC in
terms of its reactive components HA and FA as a
function of L/S and pH, the inclusion of mechanis-
tic models that predict the binding of metals to these
substances, the inclusion of a surface complexation
model that predicts FA concentrations, and finally,
the combination of these geochemical models with
non-equilibrium processes. With the present model
set-up and parameterization, the leaching of a broad
range of major and trace elements is predicted gen-
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erally with success over a wide range of conditions
(i.e., pH 2–12 at L/S 10 and L/S 0.2–10 at natural
pH), with the same set of independently determined
model input parameters in only two single model
runs (i.e., a batch and a transport model run).

Although the combination of experimental and
modelling results indicates that the leaching of
major solubility-controlled elements occurs largely
under local equilibrium conditions, this study has
led to the identification of physical non-equilibrium
processes for non-reactive soluble salts, as well as
possible sorption-related non-equilibrium processes
for the leaching of Mo, FA and associated trace
metals. These processes are shown to become
increasingly important for the understanding and
prediction of element concentrations towards higher
L/S ratios (i.e., time periods). Therefore, the appli-
cation of the present modelling approach to long-
term field scenarios requires a careful examination
and description of the hydrology (i.e., in terms of
heterogeneous flow parameters) at the field site
(e.g., Johnson et al., 1998; Johnson et al., 1999)
and expressions for the non-equilibrium transport
of FA. In addition, long-term model predictions
for specific field-scale applications may require the
model to be expanded with additional processes
such as carbonation and redox reactions (see also
CEN/TC292, 2006b; Kosson et al., 2002).

It should be noted that ‘‘equilibrium” with
respect to the selected mineral assemblage in this
study might not represent ‘‘true” thermodynamic
equilibrium of the system as a whole (e.g., amor-
phous phases versus more stable crystalline phases).
High temperature products such as MSWI bottom
ash are almost by definition thermodynamically
unstable, and subject to many dynamic changes
such as weathering, including slow mineralogical
alterations, and microbial processes (Zevenbergen
and Comans, 1994, and references therein; Meima
and Comans, 1997). Therefore, also a thermody-
namically unstable mineral assemblage may control
leaching in the laboratory and/or in the field during
a certain time period.

Important input parameters in the modelling
approach include the estimates for the ‘‘available”

concentrations of major and trace elements. In this
study pH 2 (metals) or 12 (anions) and L/S 10
extracts were successfully used for this purpose,
assuming complete desorption/dissolution. This
assumption is justified as close to 100% desorption
and/or dissolution is predicted for most components
at pH 2 (Figs. 1 and 2). However, a pH 2 extraction
apparently leads to an underestimate of the avail-
abilities of important the major elements Al and Si
(Section 3.1). Moreover, it has been shown that
extraction at a pH as low as 0.5 may be needed to
estimate the availability of metals in organic rich
systems such as soils (Dijkstra et al., 2004). There-
fore, further research is necessary to develop a gen-
eric approach for the estimation of the
‘‘availability” of components in contaminated
materials.

Given the predicted strong influence of FA as well
as HA on the leaching of heavy metals, further
improvement of the (reactive transport) modelling
approach can particularly be achieved by a more
mechanistic description of the (dynamic) leaching
behaviour of these humic substances. Important
new insights in the solid/solution partitioning of
humic substances have been made by Filius et al.
(2003) and Weng et al. (2002, 2006a,b). These devel-
opments are likely to contribute to further identifica-
tion and modelling of the mechanisms controlling
the leaching of these substances from soils and waste
materials such as MSWI bottom ash.

4.2. Implications for test settings and interpretation

Within the boundaries of the investigated exper-
imental conditions, both the cumulatively leached
amounts after L/S 10 as well as concentrations in
the individual fractions of the percolation test TS
14405 have been shown to be virtually insensitive
to flow velocity. This important observation sug-
gests that the currently prescribed ‘‘standard” flow
velocity in TS 14405 is an adequate choice, at least
in the case of MSWI bottom ash. Data from previ-
ous percolation tests on MSWI bottom ash (dating
from 1998) performed at the standard, 4� faster
and 4� lower flow velocity support these conclu-
sions as no systematic difference in cumulatively lea-
ched concentrations could be identified
(unpublished results; data available on request).
However, the off-line measurements of leachate
pH and possibly also other parameters from in par-
ticular the slowest experiment from the 1998 data
set were biased by carbonation, complicating a pro-
cess-based interpretation of the results. In particular
at alkaline pH, concentration-pH edges are extre-
mely steep (e.g., see Ca in Fig. 2) and inaccuracies
in the (off-line) measurement of pH by only tenths
of a pH-unit would strongly bias the identification
of the processes controlling leaching. A lower flow
velocity than ‘‘standard” is, therefore, not recom-
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mended as the longer time periods to collect a leach-
ate fraction may induce such experimental artefacts.
In any case, a careful preservation of the leachates
as performed in this study is recommended to pre-
vent interactions with the atmosphere (carbonation
and/or oxidation).

The flow interruptions during and at the end of
the experiments are at present not prescribed by
TS 14405. Although these flow interruptions did
not substantially contribute to the cumulatively lea-
ched amounts at L/S 10, this procedure may be rec-
ommended to identify possible non-equilibrium
conditions when these are suspected (see Brusseau
et al., 1989). The currently prescribed initial equili-
bration period in TS 14405 is functional, as it pro-
motes the levelling of concentration gradients after
the column has been saturated with water. These
gradients originate from the instantaneous dissolu-
tion of soluble salts travelling at the same velocity
as the wetting front. As field residence times are
much longer than column residence times, the initial
equilibration period is expected to represent the
actual leaching processes in the field more accu-
rately (apart from density-driven flow that may
occur in extreme salt-rich materials). In addition,
the assumption of an initially homogeneous distri-
bution of components over the column (Section
2.4.3) is better justified when the initial concentra-
tion gradients are levelled.

In conclusion, this study demonstrates that Euro-
pean standardized leaching test methods for waste
materials (pH-dependent tests TS 14497/TS 14429,
percolation test TS 14405) strengthen each other
for the characterization of leaching processes in
granular waste materials over a wide range of con-
ditions that can be met in the field. As the modelling
approach outlined in this study is based on the fun-
damental processes that underlie leaching, the
approach is expected to be also applicable to other
granular contaminated materials, application sce-
narios and conditions. Therefore, the combination
of standardized leaching test methods, selective
chemical extractions and mechanistic modelling,
constitutes a promising generic approach to assess
the long-term environmental impact of the applica-
tion of granular contaminated materials in the
environment.
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